























This thesis is presented for the degree of Bachelor of Science Honours, School of 
Environmental and Conservation Sciences of Murdoch University, 2019 
ii 
Declaration 
I declare that this thesis is my own account of my research and contains as its main content 







Wetland sediments provide a refuge for invertebrate and aquatic plant propagules in the form of 
seed and egg banks that can lay dormant for a period after a wetland dries out. They allow species to 
complete their lifecycle despite periods of desiccation, thereby enabling wetlands to be resilient and 
establish the ecosystem quickly after the wetland is inundated. The aim of this study was to 
determine whether eutrophication alters the physical properties of wetland sediments, and whether 
this changed the plant and invertebrate assemblages that emerge from sediments when they are 
reflooded. This was achieved by sampling the sediments of thirteen seasonal urban wetlands on the 
Swan Coastal Plain in south-western Australia during the period where wetland water levels were at 
their lowest. For invertebrate and plant samples, eight cm diameter cores were taken from the top 3 
cm of sediment. From there, plant samples were inundated in a greenhouse and left for eight-weeks 
before being identified. Invertebrate samples were inundated in the laboratory for 30 days and 
decanted and immediately re-inundated every 10 days. Sediment properties (pH, CaCl2 pH, electrical 
conductivity and particle size classification) did not differ between oligotrophic and eutrophic 
wetlands because ooze sediments found in all eutrophic wetlands, and peat/sand sediments found 
in all oligotrophic wetlands had similar organic matter content. Organic matter content is important 
as it allows sediments to retain water for longer periods after drying and reduces sediment 
temperatures, allowing many species to survive longer after drying. The richness of macrophyte 
species that germinated in the sediments did not differ between oligotrophic and eutrophic 
wetlands, but submerged macrophytes were more common in oligotrophic wetlands, whereas 
grasses were more common in eutrophic wetlands. Invertebrate assemblages did not differ between 
the ooze and peat/sand sediments because the high organic matter content provided the same 
refuge potential, with no indication that the small particle size of ooze sediments impeded this. Sand 
however was found in both eutrophic and oligotrophic wetlands and demonstrated reduced 
macrophyte and invertebrate diversity due to low organic matter content and large grain size, which 
affects nutrient flow and water retention in sediments. This study provided no evidence that 
eutrophication affected seed and egg bank viability in seasonal wetlands, so, the ooze sediment 
found in eutrophic wetlands can be considered ecologically comparable to the peat/sand sediment 
found in oligotrophic wetlands on the SCP. Eutrophication has many negative effects on wetland 
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Aquatic plants and animals can survive environmental conditions in temporary wetlands through 
physiological, morphological, behavioural or life-cycle traits (Brock et al., 2003). Wetland sediments 
may provide a refuge for invertebrates and aquatic plants that have suitable adaptations during 
periods of desiccation. Plant and invertebrate propagules within sediments are called the seed/egg 
bank (Strachan, Chester & Robson, 2015). These propagules include vascular plant seeds, fern and 
algal spores, invertebrate desiccation-resistant eggs and dormant adult and juvenile invertebrates. 
Dormant invertebrates may use a range of strategies to survive drying, such as anhydrobiosis, which 
is a dehydrated state used by the egg or larval stage of some species (e.g. rotifers or nematodes) 
(Strachan, Chester & Robson, 2015). Diapause is another desiccation resistance strategy, common in 
many crustacean species, that enables them to slow metabolism for an extended period (Strachan, 
Chester & Robson, 2015). Some taxa have alternative life cycles, for example cladocerans reproduce 
parthenogenetically at the onset of disturbance, they then form an ephippium (resting egg stage) by 
thickening a section of the carapace allowing them to reside in dried sediments for prolonged 
periods (Strachan, Chester & Robson, 2015). 
 
Dormant macrophyte seeds and other plant propagules can remain in considerable numbers in the 
sediment for long periods of time, so seed banks can sustain community diversity (Brock et al., 
2003). Wetland plants also provide habitat for invertebrate species when a wetland becomes 
reflooded (Grutters et al., 2015). Seed and egg banks occur in most freshwater habitats, but 
especially in wetlands that dry seasonally, because they allow species to complete their life cycle, 
despite periods without inundation, thereby enabling wetland ecosystems to be resilient and re-
establish the food web quickly when reflooded (Brock et al., 2003;  Brendonck & De Meester, 2003;  
Brock, 2011;  Boulton et al., 2014;  Strachan, Chester & Robson, 2015). However, some species may 
be less resilient, particularly plants and animals that use wetting as an environmental cue to break 
dormancy, as short inundation periods may cause abortive hatchings (Nielsen et al., 2002;  Strachan, 
Chester & Robson, 2016b). Each species emerges from newly flooded sediment differently. 
Protozoans and algae may emerge hours after a wetland is reflooded (Boulton et al., 2014), while it 
may take invertebrates as long as 30 days to emerge from sediments (Strachan, Chester & Robson, 
2016b). Delayed hatching may offer species some protection from abortive hatchings (Strachan, 
Chester & Robson, 2016b). 
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Eutrophication alters wetland sediments 
Eutrophication is the process of nutrient enrichment (mostly nitrogen and phosphorus) of a 
waterbody that causes an increase in plant productivity. It tends to favour algal dominance over 
submerged aquatic plants, as algae obtain nutrients directly from the water column and may shade 
out submerged plants (Brock, 1996;  Boulton et al., 2014). Urbanisation has increased stress on 
wetlands through construction of drains to reroute stormwater flow from urban infrastructure 
(mainly roads or carparks) and into wetlands (Azous & Horner, 2001;  Boulton et al., 2014). This 
runoff can be detrimental to ecosystem function as it can alter hydrology and impair water quality, 
bringing with it contaminants such as oil, petrol, road litter, debris, chemicals and fertilisers into the 
wetland, promoting eutrophication (Azous & Horner, 2001).  Consequently, most wetlands with 
stormwater drains are eutrophic (Boulton et al., 2014). 
 
Rapid phytoplankton growth associated with eutrophication can result in persistent algal blooms, 
deoxygenating the water and sediment when the bloom decomposes (Carpenter, 2005;  Wang & 
Wang, 2009). Decaying blooms deposit nutrient-rich, organic matter on the sediment surface, which 
fuel further blooms once decomposition releases soluble nutrients. Repeated blooms create an 
“ooze” (flocculent, anoxic, organic layer) over the wetland bed, altering the sediment composition 
(Carpenter, 2005). This sediment type is unique to eutrophic wetlands due to the nature of its 
creation (Selig, 2003;  Semeniuk & Semeniuk, 2004;  Carpenter, 2005). However, we do not know 
how seed and egg banks respond to the environmental conditions of these sediments, especially due 
to the low oxygen concentrations and flocculence (high density of particles suspended in the water 
column) caused by the small particle size, potentially smothering the seed and egg bank and 
preventing emergence of species (Semeniuk & Semeniuk, 2004;  Boulton et al., 2014). 
 
Swan Coastal Plain wetlands and their sediments 
There are three main sediment types in wetlands on the Swan Coastal Plain (SCP): soft ooze 
sediments that consist of dead algal particles from past blooms, peat sediments formed primarily of 
detritus from vascular plants, and sandy sediments of quartz particles (Semeniuk & Semeniuk, 2004;  
Pinder, 2005). Each of these three sediment types are expected to have different physical properties 
that will affect which species can use the sediment as a refuge, especially the sediment particle size, 
as the small particle size of ooze sediments could potentially act as a barrier (Semeniuk & Semeniuk, 
2004), thus inhibiting the viability of the sediment as a refuge. Fringing vegetation such as Melaleuca 
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raphiophylla (a common fringing tree species) frequently drop leaves and bark that contributes to 
higher organic matter content and coarser structure of the sediment beneath, as well as providing 
shade (Strachan, Chester & Robson, 2016a). Sediment under these trees retains water for longer 
periods, increasing the range of species that can survive after the disappearance of surface water. 
Natural peat sediments in wetlands form cracks and deep fissures during drying that may provide 
access to the groundwater beneath for species (e.g. isopods) that rely on the presence of these 
cracks and fissures for a refuge from drying (Strachan et al., 2014, 2016a). 
 
Swan Coastal Plain wetlands are predominantly groundwater dependent systems which dry out 
when the water table declines in summer (Gouws & Stewart, 2007). Changes in rainfall and 
evaporation directly influence whether a wetland is temporary or permanent (Kernan, Battarbee & 
Moss, 2010). Changing climatic conditions on the SCP, with a 15% reduction in rainfall and 55% 
reduction in runoff since 1975 mean that fewer SCP wetlands are perennial (Bates et al., 2010;  Sim 
et al., 2013). Consequently, biotic assemblages in these increasingly temporary wetlands will 
increasingly rely on seed and egg banks to sustain biodiversity. If we do not understand how seed 
and egg bank processes work, we cannot manage wetlands to sustain biodiversity into the future. 
 
The aim of this study was to determine whether eutrophication alters the physical properties of 
wetland sediments, and whether these modifications change the plant and invertebrate 
assemblages that emerge from sediments when they are inundated. I hypothesised that: (H1) 
sediment properties would differ between eutrophic and oligotrophic wetlands because of the 
effects of persistent algal blooms on wetland sediment; (H2) different plant taxa will germinate in 
oligotrophic and eutrophic wetland sediments, as high nutrient concentrations in the sediments of 
eutrophic wetlands cause persistent algal blooms and eliminate most vascular aquatic plants 
(termed macrophytes) (Brock, 1996;  Boulton et al., 2014); (H3) different invertebrate taxa will 
emerge from oligotrophic and eutrophic wetland sediments as eutrophication will make the 








History of water resource management and water regime change in Perth wetlands 
Climate change is causing long-term drying events resulting in reduced groundwater levels in many 
temporary wetlands in the south west of Western Australia. During field work in June 2019, it was 
observed that many wetlands that are typically dry were still inundated with water, however, when 
looking at historical rainfall data of the Perth metropolitan region 2018 rainfall data (741.6 mm total) 
was below that recorded in 2017 (854.0mm total) (Water-Corporation, 2019). While 2018 had a 
lower average rainfall compared to the previous year, it was still higher than the average rainfall for 
the 1994 – 2017 period (732.8mm total), however there are changes to water sourcing in the Perth 
metropolitan area that is affecting the groundwater levels. In the past Perth water has been sourced 
from groundwater and surface water (dams). In the 20th century, many Perth wetlands had become 
perennial as urbanisation increased runoff into them. However, at the turn of the century, a 
combination of climatic drying and groundwater extraction caused many wetlands to return to a 
temporary water regime. Then, in 2007 Perth shifted to desalination when the Perth Seawater 
Desalination Plant, located in Kwinana, was opened, and began supplying 18% of Perth’s water by 
2007 (Dolnicar & Hurlimann, 2009;  Water-Corporation, 2019), followed by the Southern Seawater 
Desalination Plant in Binningup, in 2011, which began supplying 30% of Perth’s water, taking off the 
pressure on groundwater supplies (Water-Corporation, 2019). In 2017, groundwater replenishment 
was introduced, which is designed to recycle wastewater by replenishing aquifers that supply Perth 
drinking water, this makes up 2% of Perth’s water supply (Water-Corporation, 2019). This 
groundwater replenishment is the largest change to Perth groundwater, which supplies water to 
Perth wetlands. Currently desalination supplies 48% of Perth’s water, groundwater supplies 40%, 
surface water supplies 10% and groundwater replenishment supplies 2% (Water-Corporation, 2019). 
As less groundwater is used and more is replaced it is possible that in the future previously 
temporary wetlands will become more permanent, thus changing the hydrological regime and how 
the ecosystems function. 
 
Study site 
The Swan Coastal Plain (SCP) in south-western Australia is situated in a Mediterranean climatic 
region, which characteristically experiences hot and dry summers, with strong seasonality 
(Waterkeyn et al., 2008). Swan Coastal Plain wetlands are mostly shallow, groundwater fed systems 
underlain by sand, and are inundated for 6 to 7 months over the winter-spring period and dry for 5 
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to 6 months over the summer-autumn period (Strachan, Chester & Robson, 2016a). They vary in 
condition from near-pristine to severely degraded (including eutrophication) (Kemp, 2009). All the 
wetlands sampled in this study are in urban parks, regional parks or nature reserves and are 
managed either for recreation and/or conservation. 
 
Wetland sediment is defined as the accumulated material that has either been formed in the 
wetland through the breakdown of plant material or has been formed outside the wetland and then 
been deposited in the wetland (Semeniuk & Semeniuk, 2004). Wetland sediments are formed 
through a range of natural processes, leading to patchiness in the sediment types within wetlands 
(Semeniuk & Semeniuk, 2004). Surface sediments in SCP wetlands may be comprised mostly of sand, 
or they may have varying amounts of organic content. Organic sediments include peat, which 
originated from deposits of plant detritus and has a coarse texture, and ‘ooze’ which has a finer 
particle size and originated from algal decomposition (Semeniuk & Semeniuk, 2004). 
 
Thirteen seasonal (inundated in winter and dry by summer-autumn) wetlands were sampled from 
the Swan Coastal Plain (Table 1). The wetlands varied in ecological condition. Four had long-term 
(decades) eutrophication and experience repeated algal blooms (Wrigley, Chambers & McComb, 
1988;  Robson et al., 2013), and all receive stormwater inputs: Blue Gum Lake, Lake Booragoon, 
North Lake, Bibra Lake (Table 1) (Bawden et al., 1979;  Wrigley, Rolls & Davis, 1991;  Smith & 
Melville, 1991).  Another four were oligotrophic and in good condition, receiving no stormwater and 
being surrounded by native vegetation: South Lake, Little Rush Lake, Thomsons Lake, Harrisdale 
Swamp (Table 1). Contributions of stormwater to urban wetlands are important because that water 
is qualitatively different to the groundwater that otherwise fills the wetlands. The groundwater is 
naturally high in gilvin (humic acids, therefore lowering pH), sodium and chloride salts (Wrigley, 
Chambers & McComb, 1988), whereas the stormwater (which originates as rainwater) is 
circumneutral and lacks colour (Boulton et al., 2014). High gilvin concentrations can prevent nutrient 
enrichment from generating algal blooms in wetlands (Wrigley, Chambers & McComb, 1988), so 
inputs of stormwater that dilute the groundwater may facilitate algal blooms and thus the 
production of organic matter that may later become organic ooze in sediments (Semeniuk & 
Semeniuk, 2004). The remaining five wetlands were smaller urban wetlands with varying condition; 
some receive street drainage but others do not (Table 1). As there is very little data on the spatial 
variation of sediment qualities in wetlands, I sampled a wide range of wetland sizes and conditions 
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to describe spatial patterns and to determine whether sediment types that were classified visually 
actually differed in their properties. 
 
Historical wetland conditions 
Perth urban wetlands have a history of complicated systems due to rapid urbanisation and the 
construction of stormwater inputs to some, while others are well managed despite their urban 
location. Historical wetland conditions were used to classify the wetlands sampled in this study as 
oligotrophic or eutrophic prior to field work. Harrisdale Swamp is in the Jandakot Regional Park, it is 
in the geomorphic setting of the Bassendean dune system with fluvial features. Wetlands in the 
Jandakot Regional Park typically have peat, peaty sand or humic sand sediments which are 
overlaying quartz sand (Conservation Commission of Western, Western Australia. Department of & 
Conservation, 2010). Harrisdale Swamp is in good ecological health (Conservation Commission of 
Western, Western Australia. Department of & Conservation, 2010), with coloured water due to 
presence of dissolved organic matter, moderate salinity, lower concentrations of nitrogen and 
phosphorus and lower chlorophyll recorded (Conservation Commission of Western, Western 
Australia. Department of & Conservation, 2010).  
Piney Lakes has been well studied historically, Rodda (1986) found that Piney Lakes is an 
acidic system due to the recorded humic stained water (pH range 3.5 – 7), which is consistent with 
what was found in this study (pH = 3.49 – 5.12). It is important to note that neutral water has a pH of 
7, whereas lower values indicate acidity and higher values indicate alkalinity. Rainwater is 
considered an equilibrium and has a pH of 5.6, therefore for the purposes of this study pH below 5.6 
is considered acidic and pH values above 7 indicates alkaline water samples (Boulton et al., 2014). 
Conductivity was relatively low both historically and presently with conductivity of around 0.5 
mS/cm reported in 1986 (normal range of fresh water ~1.5 mS/cm), compared to a conductivity of 
0.94 reported in this study (Rodda & Wetlands Conservation, 1986).  
North and Bibra Lakes have been a well-researched historically eutrophic systems on the 
Swan Coastal Plain. Comprehensive studies as early as 1979 reported an increase in urbanisation, 
with altered land use for recreation and urban development (Bawden et al., 1979). Historically the 
southern end of Bibra Lake was used for land fill (Bawden et al., 1979), which has contributed to its 
classification as a highly eutrophic system (Bawden et al., 1979). Around this time, while North Lake 
had received several drainage inputs, it was still considered ‘stable’, as it was used less for recreation 
than Bibra Lake, and was surrounded by native vegetation within a protected area (Bawden et al., 
1979). In the study from 1979 it was reported that North Lake had a pH range of 8.6 - 8.9 (Bawden et 
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al., 1979) – drastically different than what was recorded in our study (pH = 3.44 – 3.80), the current 
acidic pH may be attributed to acid sulphate soils, as the pH was determined from the inundated 
sediments. The average conductivity level in North Lake in 1979 was 1.1 mS/cm (Bawden et al., 
1979), compared to this study with found the conductivity to range from 2.78 – 4.89 mS/cm 
depending on the sediment type, this could be caused by a gradual increase in salt concentrations in 
the lake from continuous drying as salt concentrations from groundwater or runoff get more 
concentrated over time. Bibra Lake appears not to have deteriorated as much as North Lake 
compared to the study in 1979, as it was previously in such poor condition. It was recorded that 
Bibra Lake had a pH range of 8.6 – 9.0 (Bawden et al., 1979), compared to this study that recorded 
pH ranging from 4.68 – 7.68, the large range is due to the decomposing organic matter in the peat 
sediments, which produces acid (Bawden et al., 1979). Interestingly, conductivity has decreased 
from 3.4 mS/cm in 1979 to 0.26 – 1.83 (depending on the sediment type), which indicated that the 
source of the higher conductivity in the past is being diluted by an increasing proportion of rainwater 
input (from stormwater) than groundwater inputs (Boulton et al., 2014). 
Booragoon and Blue Gum Lake have a similar history to North Lake and Bibra Lake, as they 
are both historically eutrophic and are surrounded by suburban housing which for many years was 
served by septic tanks rather than piped sewerage. Historically Lake Booragoon has reported low 
aquatic vegetation richness, with no submerged macrophytes recorded during a 1986 study (Smith & 
Melville, 1991). The study found that the only aquatic plant that was present was Lemna major, 
which provides little habitat for aquatic invertebrates which also lacked in richness (Smith & Melville, 
1991). The only species noted was Calamoecia lucaci, however, it was noted that this could be 
because of lack of aquatic plant richness, or high abundance of introduced fish species (Smith & 
Melville, 1991). The pH of Lake Booragoon ranged from 6.8 – 8.4 over 14 years (from 1986), however 
pH has decreased to an average of 7 since 1981 (Smith & Melville, 1991), this range is still consistent 
with pH taken for this study (5.78 – 8.46), the low pH samples are likely to have high organic matter 
content and experience acidification like Bibra Lake. Lake Booragoon is underlain between the 
Spearwood and Bassendean dune systems, which his limestone present in the substrate which has 
an alkaline pH (Smith & Melville, 1991), so the high pH recorded both historically and present 
suggests that the sample is higher in sand content, similarly Bibra Lake (9km away) has alkaline sand 
which is consistent with this theory. Like Lake Booragoon, Blue Gum Lake has a historically alkaline 
pH, the current low pH is consistent with high organic matter sediments associated with 





In general, wetlands are often assumed to have a single sediment type, but wetlands on the SCP may 
have more than one (Strachan, Chester & Robson, 2016a). Three different sediment types were 
observed across the wetlands: peat, sand and ooze, with some wetlands presenting a combination 
of two of the different sediment types (Table 1). Different sediment types were identified on-site 
where eight random replicate samples were taken from each sediment type in each wetland, so I 
was unable to control the number of samples that were taken at each wetland, as it depended on 
what sediment types were present. The main comparison in this study was between four long-term 
eutrophic wetlands (receiving stormwater) and four oligotrophic wetlands (no stormwater). 
However, as little is known about sediment variation among wetlands, a larger sample size was used 
to describe sediment conditions. Sixteen randomly-located replicate sediment samples were taken 
from each of the visually determined sediment types found within each wetland: eight were used to 
quantify what invertebrates would emerge from each sediment type in each wetland, and eight 
were used to quantify aquatic plant germination from the seedbank and algal growth from resistant 
stages in sediment. To determine the sediment properties of each sediment type in each wetland an 
additional two samples were collected 
 
Field sampling 
Sampling was conducted in June 2019 when water levels were at their lowest or wetlands were dry. 
All wetlands sampled dry seasonally (Kemp, 2009), however at the time of sampling many wetlands 
were still wet because higher rainfall in 2017 and 2018 raised groundwater levels 
(Water-Corporation, 2019).  
The top 10cm of the sediment profile is considered to be the location of the majority of eggs and 
dormant stages that contribute to emerging invertebrates in wetlands (Brendonck & De Meester, 
2003;  Strachan, Chester & Robson, 2016a;  Strachan, Chester & Robson, 2016b). To collect eggs and 
seeds recently contributed to the sediments, I collected samples from the top 3cm of sediment 
(Santangelo et al., 2014). An eight cm diameter corer made from PVC pipe was used to collect a 
sediment core that kept the sediment structure in-tact to replicate natural inundation conditions in 
the laboratory. Sediment cores were placed in one litre jars and transported back to the laboratory. 





Sediment physical properties 
Following drying, samples used to determine sediment properties were stored until analysis. The 
variables sediment pH, CaCl2  pH and electrical conductivity, particle size and classification were 
determined using standard methods (Bell & Harper, 2017). Sediment classification determines the 
proportion of sand, silt and clay in a sediment sample, which is then classified into texture 
classifications using the ‘Triangular texture diagram adapted by C. Walker’ (Marshall, 1947). The 
organic content of the sediment was determined by loss on ignition using the method of Strachan et 
al. (2014). Density of sediments was determined by a simple bulk density estimate. Sediment was 
placed in a container that was then filled to the brim of deionised water. The container was then 
weighed, determining the mass of sediment in the container. Bulk density was then calculated using 
the equation: density = mass/volume. 
 
Experimental procedure 
Immediately after collection, field samples were left uncovered in a laboratory for at least two 
weeks or until dry, wetter samples were left under halogen lamps to speed up this process. 
Laboratory windows and doors were kept closed to prevent contamination. 
Once sediments were dry, jars for plant germination were moved to a greenhouse where natural 
sunlight is abundant and equally available to all samples. Jars were then inundated with distilled 
water until water levels were at least 2 cm deep; samples were topped up with distilled water bi-
weekly until end of the experiment.  Distilled water was used as it did not introduce any biological or 
chemical contaminants to the samples (Strachan, Chester & Robson, 2016a). The jars were left for 
9.5-10 weeks, a minimum of 8 weeks was chosen as enough for seedlings to be large enough to be 
identifiable, yet minimised growth and mortality by crowding (Brock, 2011). As identifications of 
both aquatic plant and algae species were completed in the greenhouse, they could not be 
completed in one day, hence durations ranged from 9.5-10 weeks. Identification was to the lowest 







Table 1 Wetland locations, condition of wetlands, wet or dry pattern and number of sediment types 
found at the wetlands sampled. 
Wetland Location Condition 
Wet or Dry 


































Natural Wet No 1 Peat/sand 
Little Rush Lake 
32°06'36.8"S 
115°49'32.5"E 



































Jars for invertebrate emergence were grouped in different wetland sediment types, which were then 
randomly placed on open benches in the laboratory. Once samples were dry, they were inundated 
with distilled water until the water level was at least 2cm above the surface of the sediment. Jars 
were placed on laboratory benches where natural light was abundance, water was topped up as 
required so that the water level was always at least 2cm above the sediment. The jars were left for 
10 days, after which the water that contained the emerged invertebrates was decanted and filtered 
through a 125µm mesh sieve. Fresh distilled water was replaced into each jar. The material that 
remained on the sieve was then placed into 70mL sample jars and preserved in ethanol for later 
counting and identification to the lowest taxonomic level. The decanting and preservation process 
was repeated at day 20 and 30. Thirty days of inundation was chosen as the maximum duration 
needed to encourage hatching and emergence of most invertebrate taxa, based on similar studies 
(Jenkins & Boulton, 2007;  Larned, Datry & Robinson, 2007;  Chester & Robson, 2011;  Datry, Corti & 
Philippe, 2012;  Strachan, Chester & Robson, 2016a). 
 
Data analysis 




A PCA (principal components analysis) plot was carried out using the Euclidean distance matrix to 
identify whether sediment properties differed between oligotrophic and eutrophic wetlands, among 
wetlands and between visually determined types. Sediment variables (listed in Table 2) were 
normalised prior to analysis (to rescale them into similar scales, given that they were measured in 
different units), and percent sand content was used as an indicator of percent of clay and silt as 
these variables were correlated (and could not all be used in the analysis). To test the hypothesis 
that oligotrophic and eutrophic wetlands had different sediment properties, I used a single factor 
ANOSIM test based on the Euclidean distance matrix. Single factor ANOSIM tests were also used to 
determine whether sediment properties differed between all 13 wetlands or whether the visually 
determined sediment types. The latter served to determine whether the visually identified sediment 






Invertebrate assemblage (abundance) data was pooled across the three decanting times for each 
sediment sample to represent the total invertebrate emergence over 30 days. Then, rare species 
were removed so that the dataset contained only common species (species that occurred in 6 or 
more samples) and juveniles and adults of the same species were pooled. A balanced design using 
four oligotrophic lakes (Harrisdale Swamp, Little Rush Lake, South Lake, Thomson Lake), and four 
eutrophic lakes (North Lake, Bibra Lake, Booragoon Lake, Blue Gum Lake) was used for data analysis. 
PRIMER version 7 was then used to calculate Bray-Curtis similarity matrices using untransformed 
data. To test the hypothesis that the invertebrate taxonomic composition differed between 
oligotrophic and eutrophic wetlands a two-factor nested ANOSIM (wetland condition, 2 levels: 
oligotrophic, eutrophic; wetland nested within wetland condition, 4 levels) was used. SIMPER 
analyses were used to determine the dominant taxa associated with each wetland and taxa 
responsible for differences observed in ANOSIM analyses. As this analysis identified large differences 
among wetland, I decided to reanalyse the invertebrate data using a two-factor crossed ANOSIM. 
The factors were wetland condition (as above) and sediment type which had three levels (ooze, 
sand, peat/sand). Note that to remove unique sediment categories from this analysis, the visually 
determined peat category found only in Lake Booragoon was relabelled as sand and the visually 
determined peat category (found only at Bibra Lake), was relabelled as peat/sand. This could be 
done because the sediment properties analysis showed that the ooze/sand from Lake Booragoon 
had ~85% sand and ~13% organic matter, whereas sand sediments in the other wetlands ranged 
from ~69 - 98% sand and ~0.7 - 10% organic matter. Similarly, the peat from Bibra Lake had ~36% 
sand and ~62% organic matter, compared with peat/sand sediments in the other lakes that ranged 
from ~28 - 93% sand and 8 - 63% organic matter. The desiccation-survival mechanisms used by each 
taxon were determined by size and/or life stages observed in samples (i.e. taxa that were evidently 
newly hatched or in a juvenile life stage) or using information on taxa provided in Strachan et al. 
(2015, 2016a, b). 
 
Aquatic plants 
Algal species (except charophytes) were removed from the dataset as there were too few records. 
Therefore, only aquatic macrophytes (larger vascular plants plus charophytes) were included in 
these analyses. As charophytes are large, habitat-forming species, they are usually included with 
vascular plants as submerged macrophytes. A balanced design was used: four oligotrophic lakes 
(Harrisdale Swamp, Little Rush Lake, South Lake, Thomson Lake), and four eutrophic lakes (North 
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Lake, Bibra Lake, Booragoon Lake, Blue Gum Lake). To test the third hypothesis that different 
macrophyte taxa germinate from different wetland sediments, PRIMER version 7 was used to 
calculate the Bray-Curtis similarity matrices using untransformed percent cover data. A two factor 
nested ANOSIM (wetland condition, 2 levels: oligotrophic, eutrophic; wetland nested within wetland 
condition, 4 levels) was used. A two factor (sediment type, 4 levels: peat, sand, peat/sand, ooze; 
wetland condition, 2 levels: oligotrophic, eutrophic) crossed ANOSIM was used to test whether 
different sediment types had different macrophyte assemblages. SIMPER analyses were also used to 
determine the dominant macrophyte taxa present in the wetlands.  
 
Univariate analyses 
SPSS version 24 was used to analyse the variables invertebrate abundance, invertebrate taxa, 
richness, macrophytes richness, macrophytes percent cover. ANOVA was used to test the 
hypotheses that these variables (i) differed between wetlands with different wetland condition; and 
(ii) differed between the visually-determined sediment types. Two ANOVA designs were used. For (i), 
the wetland condition factor was tested against variation among-wetlands within each level of 
wetland condition. This required a two-factor nested design, with wetland condition as the fixed 
factor (2 levels, eutrophic, oligotrophic) and wetlands nested within wetland condition as the 
random factor. For (ii), a two-factor crossed design was used, with sediment type as a fixed factor 
(number of levels varied between analyses as different wetlands had different sediment types) and 
wetlands as a random factor (number of levels varied between analyses depending on sediment 
types present). Residuals were checked for all univariate analyses and variables were log10 
transformed were necessary to meet assumptions of normality and heteroscedasticity. 
 
Multivariate correlation analyses 
My hypotheses predicted that plant and animal emergence from wetland sediments would vary 
between wetlands of differing condition and between different sediment types. Once sediment 
properties had been characterised, they could be related to the plant and invertebrate emergence 
patterns for each wetland and sediment type. This provided a test of whether the sediment 
properties measured were associated with pattern in the biota. Therefore, Mantel tests were used 
to determine whether there were multivariate correlations between sediment properties and 
assemblage composition of macrophytes and invertebrates. As macrophytes form habitat that 
influences invertebrate assemblage composition, it was possible that patterns in germinating plants 
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would be associated with pattern in emerging invertebrates. Consequently, all three possible 
combinations were analysed in PRIMER version 7 using the balanced dataset of eight wetlands. A 
Euclidean distance matrix for sediment properties was calculated after the paired samples from each 
sediment type within each wetland were averaged and the data normalised. To match this, wetland 
invertebrate samples were totalled across sediment types within wetlands and the data square-root 
transformed to reduce the effects of outliers with high abundances. Macrophyte percent cover was 
averaged across the samples within each sediment type within each wetland category. This created 
datasets where each wetland x sediment type combination was represented by a single sediment, 
invertebrate and macrophytes sample. As macrophytes did not emerge from samples from some 
wetlands, the dataset for the sediment and macrophytes correlation was reduced to 8 wetlands. The 




The PCA plot showed that sediments high in sand had lower organic matter content, while clay and 
silt sediments were associated with higher organic matter (Figure 1a, b). Higher sand content was 
also associated with a higher density. There were variable sediment properties between oligotrophic 
and eutrophic wetlands. But peat/sand sediments appeared to have slightly lower pH and EC range, 
with some variation visible. Peat sediment had high organic matter, low sand content, low density, 
low pH and low EC (Figure 1b). Sand sediment has high percentage sand and high density, low 
organic matter content and moderate to high pH and EC (Figure 1b). Ooze sediment had low sand 
content and density and high organic matter content, but variable pH and EC (Figure 1b). Ooze/sand 
showed no pattern in sediment properties. ANOSIM showed there was a significant difference 
between wetlands (R = 0.248, p = 0.005), between soil texture categories (R = 0.5, p = <0.001), but 
no significant difference between wetland condition (R = 0.248, p = 0.235). Wetlands with high 
organic matter content were Thomson Lake, Frog Swamp, Banksia Eucalypt and South Lake (Table 2), 
while the rest of the wetlands varied as they generally had multiple sediment types (Table 2). No 
wetlands demonstrated consistent high density, however the wetlands that had high organic matter 
content (mentioned above) tended to also have low density (Table 2). Eco-Park had mostly low pH 
and high conductivity, as was evident at Thomson Lake and Banksia Eucalypt. The rest of the 




Figure 1 PCA ordination plot of the wetland sediments physical properties (mean properties in n=8 
replicates per sediment type): a) for oligotrophic and eutrophic wetlands, b) between wetlands 
Mean_EC = electrical conductivity (milliSiemens), median_CaClpH = the median CaCl₂ pH, 
mean_BulkDens = sediment density g.cm¯³, %Sand = percentage of sand content, %OM = percentage 
organic matter. Principal component 1 explains 54% of the variation in the data, principal 
component 2 explains 21.6% of the variation in the data, totalling 75.6% of the variation in the 
sediment data. 
 














Oligotrophic Harrisdale Swamp Peat/sand 4.00-4.55 3.16 48.21 31.05 
Sand 4.59-4.67 2.89 68.93 10.27 
Little Rush Peat/sand 5.93-6.53 1.86 75.68 19.82 
South Lake Peat/sand 5.88-6.39 1.41 38.78 62.74 
Thomson Lake Peat/sand 6.47-7.57 9.67 28.05 43.04 
Eutrophic Blue Gum Lake Sand 5.74-6.24 0.54 95.25 3.93 
Peat/sand 4.82-6.46 1.71 80.93 17.19 
Ooze 5.44-5.78 1.98 45.24 54.32 
Lake Booragoon Ooze/sand 5.78-8.46 1.72 85.36 13.28 
Bibra Lake Sand 7.48-7.68 0.26 98.07 0.70 
Ooze 7.15-7.29 1.83 16.71 55.27 
Peat 4.68-5.01 1.80 35.96 62.22 
North Lake Peat/sand 3.44-3.80 2.78 92.56 6.76 





Ooze/sand 5.18-5.71 11.47 59.86 38.68 
Eco-Park Peat 7.61-7.74 10.41 84.43 6.58 
Sand 7.60-7.92 0.63 94.22 1.59 
Frog Swamp Peat/sand 4.80-5.94 5.89 17.15 32.97 
Piney Lakes Peat/sand 3.49-5.12 0.94 72.92 26.26 
Boronia Reserve Peat/sand 5.21-5.80 1.01 74.52 24.97 
















































































































































There was a total of thirty-one species of algae recorded from both oligotrophic and eutrophic 
wetlands with twenty-two total algae species recorded in oligotrophic wetlands and twenty-five 
algae species recorded in eutrophic wetlands. The algae comprised Chlorophyta, Cyanobacteria, 
Euglenophyta, Ochrophyta and Cryptophyta (Table 3). Emergent algae species were dominated by 
Oedogonium sp., which was present at every wetland recorded in both oligotrophic and eutrophic 
wetlands (Table 3), while ten algae species were recorded at only one wetland across oligotrophic 
and eutrophic wetlands (Table 3). Oligotrophic wetlands were dominated by green filamentous algae 
with Spirogyra sp. and Oedogonium sp being the most common (Table 3), while the eutrophic 
wetlands were dominated by filamentous green, flagellates, cyanobacteria and diatoms (Table 3). 
 
Table 3 Algae genera present in (n=4) oligotrophic wetlands and (n=4) eutrophic wetlands 
Phylum Genus Oligotrophic Eutrophic 
Chlorophyta Ulothix  1 1 
 Spirogyra 4 1 
 Oedogonium 4 4 
 Zygnema 0 2 
 Gonium 1 1 
 Oocystis 0 1 
 Cladophora 2 1 
 Rhizoclonium 1 0 
 Botryococcus 0 2 
 Pseudosphaerocystis 0 1 
 Chlamydomonas 0 1 
Cyanobacteria Anabaena 1 1 
 Nostoc 4 3 
 Oscillatoria 1 1 





Euglenophyta Euglena 3 2 
 Aff. Euglenopyta 1 0 
Ochrophyta Cyclotella 3 4 
 Aff. Cyclotella 0 1 
 Unidentified diatom 1 0 
 Aff. Cyclotella 2 0 1 
 Tetrasporopsis 0 1 





 Unknown tiny algae 1 1 
 Unknown epiphyte 1 0 




Aquatic plants (macrophytes) 
The most common aquatic plant species recorded at the study sites was an unknown grass, which 
was recorded at both eutrophic and oligotrophic wetlands (Table 4). The most common species in 
the oligotrophic wetlands was a Charophyte sp., which was present at Harrisdale Swamp and 
Thomsons Lake. Oligotrophic wetlands were dominated by aquatic plants that are native to Western 
Australia - other than the unknown grass (FloraBase, 1998-). Oligotrophic wetlands had high percent 
cover of submerged macrophytes present Charophyte sp. and Ruppia sp., whereas eutrophic 
wetlands had no submerged macrophytes present. Eutrophic wetlands had lower cover than 
oligotrophic wetlands with the highest percent cover of a species being Bolboschoenus sp. at Lake 
Booragoon (8.38 %), while Charophyte sp. at Harrisdale Swamp had the highest cover at oligotrophic 
wetlands (31.43 %). Overall, the eutrophic wetlands typically had grasses present, plus the floating 
plant Lemna spp. and the submerged macrophyte Callitriche stagnalis were the only non-grass 
species in the eutrophic wetlands. The only invasive species recorded in the study sites was C. 
stagnalis, which was only recorded at North Lake. 
 




Site  Taxa Average 
abundance  
Contribution % 
Oligotrophic Harrisdale Swamp 
average dissimilarity 
81.3% 
Charophyte sp. 31.43 60.23 
 
Unknown grass 1.29 30.38 
Little Rush Lake average 
dissimilarity 70.6% 
E. gratioloides 1.25 55.5 
 
Unknown grass 0.63 28.71 
South Lake average 
dissimilarity 62% 
Unknown grass 3.5 60.22 
 
Azolla sp. 7.13 27.71 
Thomsons Lake average 
dissimilarity 72.2% 
Charophyte sp. 25 67.01 
 
Ruppia sp. 14.5 21.86 
Eutrophic Blue Gum Lake average 
dissimilarity 41.9% 
Unknown grass 0.82 72.78 
Lake Booragoon average 
dissimilarity 47.1% 
Bolboschoenus sp. 8.38 100 
Bibra Lake average 
dissimilarity 76% 
Lemna sp. 8 37.66 
 
Unknown grass 0.69 37.56 
North Lake average 
dissimilarity 64.4% 
Unknown grass 4.42 68.05 
 
C. stagnalis 4.67 31.95 
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Wetlands nested within wetland condition differed (R = 0.46, P <0.001, Figure 2c). When sediment 
types were used in ANOSIM, wetland condition still did not differ (R = 0.003, P = 0.41), but sediment 
types did differ (R = 0.23, P <0.001, Figure 2b). Pairwise comparisons showed that macrophyte 
assemblages germinating from peat/sand differed from all other sediment types (R = 0.3 – 0.392, P = 
0.002 – 0.011, Figure 2b). Wetlands shared some macrophyte species in common, but their 
abundancies differed between lakes. The unidentified grass was dominant in all sediment types 
except ooze. Peat/sand sediment was also dominated by charophytes; sand was dominated by 




Figure 2 Non-metric multidimensional scaling 
ordination plot of macrophytes that emerged 
from a balanced dataset of: a) wetland 
condition, b) visual sediment type, c) wetlands 
 
 
A nested ANOVA looking at wetland condition and wetland nested within wetland condition found 
that there was no significant difference in macrophyte taxa richness between wetland condition 
(F1,104 = 1.972, P = 0.207), but wetlands differed significantly within oligotrophic wetland condition 
(F1,104 = 5.669, P <0.001). Similarly, macrophyte abundance did not differ between wetlands of 
differing wetland condition (F1,104 = 0.285, P = 0.610; Figure 3b), but did differ among wetlands (F1,104 
= 2.848, P = 0.013) within wetland condition. The crossed ANOVA design showed that macrophyte 
richness did not differ significantly between wetland condition (F1,91 = 0.85, P = 0.36), but was 
significantly higher (F1,91 = 8.98, P <0.001) in peat/sand sediments (mean number of species = 4.02, 





















mean number of species = 2.25, +/- 0.28). Macrophyte percent cover did not differ between wetland 
condition (F1,91 = 1.36, P = 0.25), or sediment types (F1,91 = 1.32, P = 0.27).  
 
Figure 3 Mean macrophyte richness (a) and percent cover (b) within oligotrophic (n = 4) and 
eutrophic (n = 4) wetlands. Mean macrophyte richness in: oligotrophic wetlands (+/- 0.252 SE), 
eutrophic wetlands (+/- 0.198 SE). Mean macrophyte percent cover in: oligotrophic wetlands (+/- 
7.044), eutrophic wetlands (+/- 5.542 SE). 
 
Invertebrates 
Fifty-six invertebrate taxa were recorded in samples from the wetlands in oligotrophic and eutrophic 
wetlands during the study (Table 5). A total of 5282 individuals were collected (Appendix 1). The 
fauna comprised of a wide range of Crustacea and Insects, together with predatory flatworms, 
rotifers and amphibious Collembola (Table 5). The species recorded used either or both desiccation 
resistant eggs (i.e. hatching) and dormant life stages (i.e. aestivation) as survival techniques (Table 
5). Water mites (Arachnida) and most aquatic insects relied on aestivation (dormancy of juveniles or 


























































Table 5. List of taxa recorded from inundation experiments and their means of surviving drying.  
* indicates taxa observed as new hatchlings in samples. 
Phylum/Order Species Hatch Aestivate 
Platyhelminthes White planarian sp  x 
Rotifera Rotifer spp. x  
Collembola Collembola spp.* x x 
Arachnida Mesostigmata sp.  x 
 Oribatida sp.  x 
 Acercella falcipes  x 
Crustacea: Copepoda Cyclopoida sp. x  
 Cyclopoida sp. x  
 Harpacticoida sp. x  
Ostracoda Alboa worooa* x x 
 Bennelongia australis * x x 
 Bennelongia spp. x  
 Candonocypris novaezelandiae* x x 
 Cypretta spp.  x 
 Cypricercus sp. x  
 Cypridopsis funebris  x 
 Diacypris spinosa  x 
 Eucypris virens x  
 Ilyocypris australiensis* x  
 Juvenile ostracod 1* x  
 Juvenile ostracod 3* x  
 Kennethia sp. x  
 Limnocythere mowbrayensis* x  
 Mytilocypris ambiguosa* x x 
 Newnhamia fenestrata x  
 Sarcypridopsis aculeata* x  
Cladocera Ceriodaphnia spp.* x  
 Daphnia carinata* x  
 Moina micrura* x  
 Simocephalus sp. x  
 Chydoridae spp* x  
Insecta: Diptera Chironomidae sp. x  
 Culicidae sp. x  
 Dasyheleinae sp. x  
 Dipteran pupae  x 
    
 Dolichopodidae sp.  x 
 Ephydridae larvae  x 
 Eristalis pupae  x 
 Forcipomyiinae sp. x  
 Limnophora sp.  x 
 Psychodidae larvae sp.* x  
 Stratiomyidae larvae sp.  x 
 Tabanidae larvae  x 
 Tipulidae larvae sp.  x 
Coleoptera Berosus sp.  x 
 Carabidae sp  x 
 Chrysomelidae sp.  x 
 Hyphydrus elegans  x 
 unidentified beetle juvenile  x 
 Limnichidae sp.  x 
 Megaporus howitti  x 
 Sphaerius  sp. Larva  x 
 Staphylinidae sp.  x 
Hemiptera Aphelocheiridae sp.  x 
 Hebrus axillaris  x 
 Juvenile Paracymus sp.  x 
 Microvelia sp.  x 
    
Aquatic Lepidoptera Lepidoptera sp.  x 
Trichoptera Ecnomus sp.   x 
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Two different groups of fauna emerging from sediments were evident in these wetlands: those 
dominated by amphibious Collembola (North Lake, Bibra Lake, South Lake, Little Rush Lake) and 
those dominated by ostracods (Thomsons Lake, Lake Booragoon); Blue Gum Lake had both taxa 
(Table 6). Harrisdale Swamp was completely different because it was dominated by Chydoridae 
(benthic cladoceran), Mesostigmata (amphibious mites) and Moina micrura (planktonic cladoceran), 
and had low numbers of Collembola. The ostracods emerging from sediment in Thomsons Lake 
comprised different species than elsewhere: (Limnocythere mowbrayensis, Kennethia sp, 
Sarscypridopsis aculeata, Mytilocypris ambiguosa). North Lake was dominated by low numbers of 
collembola, and little else emerged from sediments there (Table 6). 
 
Table 6  Most abundant invertebrate taxa emerging from each wetland (SIMPER analysis of 
abundance in n = 8 replicates per sediment type) 
Wetland Condition Site  Taxa Average 
abundance  
Contribution % 
Oligotrophic Harrisdale Swamp average 
dissimilarity 82.9% 
Chrydoridae spp. 2.91 28.8 
 
Mesostigmata sp. 0.36 22.66 
 
M. micrura 0.82 18.53 
 
Collembola spp. 0.27 7.61 
Little Rush Lake average dissimilarity 
60.8% 
Collembola spp. 4 79.65 
South Lake average dissimilarity 
61.3% 
Collembola spp. 15 73.76 
Thomsons Lake average dissimilarity 
71.6% 
C. novaezelandiae 5.13 31.64 
 
Oribatida sp. 1.25 16.43 
 
L. mowbrayensis 17.13 11.13 
 
Kennethia sp. 1.13 10.69 
 
Juvenile ostracod 1 1.75 9.01 
Eutrophic Blue Gum Lake average dissimilarity 
85.5% 
Collembola sp. 24.54 56.48 
 
Cypretta spp. 1.25 6.01 
 
Juvenile ostracod 1 2.21 5.96 
 
Psychodidae larvae 2.92 4.73 
Lake Booragoon average dissimilarity 
73.5% 
C. novaezelandiae 19 48.94 
 
Cypretta spp. 7.13 19.87 
 
D. carinata 11.5 9.55 
Bibra Lake average dissimilarity 
70.2% 
Collembola spp. 28.46 84.02 
North Lake average dissimilarity 
65.7% 




When invertebrate assemblages in wetlands of differing condition were tested against among 
wetland variation (i.e. wetlands nested within wetland condition), invertebrate assemblages did not 
differ between oligotrophic and eutrophic wetlands (R = -0.052, P = 0.571). However, wetlands 
nested within wetland condition differed substantially (Figure 3, R = 0.265, P <0.001), possibly 
making it difficult to detect differences between wetlands. This means that a difference in 
invertebrate assemblage is evident between the different wetlands, but they are not grouped by 
wetland condition (Figure 4). Importantly, the four eutrophic wetlands in the balanced dataset all 
contained ooze sediment typical of long-term eutrophication; ooze was not present in the 
oligotrophic wetlands. So, the two-factor crossed anosim design was used to determine whether 
sediment types differed regardless of wetlands, and whether wetlands of different wetland 
condition were detectably different when compared solely based on the types of sediment present. 
On this basis, wetland condition was associated with different invertebrate assemblages (R = 0.267, 
P <0.001), as were the three sediment types (R = 0.2, P <0.001): sand, ooze, peat/sand (pairwise 
comparisons show all different, R ranged from 0.16-0.23, P all < 0.001). SIMPER analyses showed 
that Collembola densities were much lower in the eutrophic wetlands (mean = 4.43) than in the 
oligotrophic wetlands (mean = 19.3). Chydoridae were absent from eutrophic wetlands, and Daphnia 
carinata and the ostracod Candonocypris novaezelandiae were more abundant in eutrophic 
wetlands. Several taxa were associated with the different sediment types: Chydoridae was the only 
taxon that was most abundant in peat/sand sediment; Psychodidae larvae, the beetle Hyphydrus 
elegans, rotifers and an unidentified juvenile ostracod were most abundant in ooze. The ostracods C. 
novaezelandiae, S. aculeata and Cypretta spp. and the cladocerans M. micrura and D. carinata 








Figure 4 Non-metric multidimensional scaling ordination plot of all invertebrates that emerged 











A nested ANOVA of wetland condition and wetland nested within wetland condition found that 
invertebrate taxa richness did not differ significantly between oligotrophic and eutrophic wetlands 
(F1,6.1 = 0.32, P = 0.864; Figure 5a), but did differ among wetlands (F6,104 = 17.313, P <0.001). Similarly, 
log-transformed invertebrate abundance did not differ significantly between wetlands of differing 
wetland condition (F1,6.1 = 0.516, P = 0.499), but differed between wetlands (F6,104 = 5.669, P <0.001). 
However, invertebrate abundance was approximately three times higher in eutrophic (mean number 
of species = 36.17, +/- 4.83 SE) than in oligotrophic (mean number of species = 10.17, +/- 7.02 SE) 
wetlands (Figure 5b). 
 
Figure 5 Mean invertebrate richness (a) and abundance (b) in wetlands nested within oligotrophic (n 
= 4) and eutrophic (n = 4) wetlands. Mean invertebrate richness in: oligotrophic wetlands (+/- 0.353 
SE), eutrophic wetlands (+/- 0.277 SE). Mean invertebrate abundance in: oligotrophic wetlands (+/- 
5.420), eutrophic wetlands (+/- 4.265 SE). 
 
A 2-factor fully factorial ANOVA found that log-transformed invertebrate richness was significantly 
higher (F1,44 = 5.465, P = 0.024) in eutrophic wetlands (Figure 6a), but there was also a significant 
interaction with sediment type (F1,44 = 9.063, P = 0.004). Invertebrate richness was approximately 
four times higher in sand sediments from eutrophic wetlands compared to oligotrophic wetlands, 
while richness in peat/sand sediment was the same across oligotrophic and eutrophic wetlands 
(Figure 6a). In oligotrophic wetlands, richness was higher in peat/sand sediment compared to sand 
sediment, whereas, in eutrophic wetlands, richness was higher in sand sediment than in peat/sand 
sediment (Figure 6a). Similarly, invertebrate abundance was approximately eight times higher (F1,44 = 
11.728, P = 0.001) in eutrophic than in oligotrophic wetlands but there was also a significant 
interaction between oligotrophic and eutrophic wetlands and sediment type (F1,44 = 4.14, P = 0.048 
Figure 6b). This was because sediment types differed in oligotrophic wetlands but not in eutrophic 



















































Figure 6 Mean invertebrate richness (a) and abundance (b) comparing peat/sand and sand 
sediments between oligotrophic (n = 1) and eutrophic (n = 3) wetlands. Mean invertebrate richness 
in:  sediments in oligotrophic wetlands (+/- 0.902 SE), sediments in eutrophic wetlands (+/- 0.638 
SE). Mean invertebrate abundance in: peat/sand (+/- 2.908 SE) and sand (+/- 1.449 SE) in 
oligotrophic wetlands, peat/sand (+/-  15.262 SE) and sand (+/-  10.493 SE) eutrophic wetlands. 
 
When ooze sediments were compared to peat/sand sediment in eutrophic wetlands only, 
invertebrate taxa richness was significantly higher (F1,42 = 363.0, P = 0.003) in eutrophic wetlands 
(Figure 7a) and was also significantly higher (F2,42 = 2197.0, P  <0.001) in Blue Gum Lake (Figure 7b). 
There was no significant interaction between wetlands and sediment type (F2,42 = 0.025, P = 0.976). 
In contrast, log-transformed invertebrate abundance showed no significant difference between 
sediment types (F1,42 = 0.003, P = 0.957), but abundance did differ significantly between wetlands 
(F2,42 = 66.135, P = <0.001) showing the same pattern as in Figure 7b.  
 
Figure 7 Mean invertebrate richness within: (a) sediment types (n = 2) (+/- 0.324 SE); (b) wetlands (n 










































































































Multivariate correlation analyses  
 
Mantel tests found that there was no correlation between sediment composition and macrophyte 
composition from the wetlands in the balanced dataset of eight wetlands (rho = 0.288, P = 0.056), 
and there was no significant correlation between sediment composition and the emergent 
invertebrate assemblages (rho = 0.179, P = 0.117). However, there was a significant correlation 
between the emerging invertebrate and macrophyte assemblages in the wetlands studied. Wetlands 
that were ostracod dominated (e.g. Thomsons Lake, Lake Booragoon) were typically dominated by 
native submerged macrophytes that could potentially provide predation refuges and increased food 
supply for invertebrates (Table 7). In contrast, the collembola-dominated wetlands (Little Rush Lake, 
South Lake, Bibra Lake, North Lake) recorded macrophytes that were generally either low-growing 
benthic taxa or plants that floated on the water surface – both provide fewer refuge opportunities 
for invertebrates (Table 7). Blue Gum Lake which had both ostracods and collembola contained only 
the unknown grass (Table 7). 
Table 7 Numerically dominant invertebrate species and dominant macrophyte species (both from 
SIMPER analyses) found at a subset of seven wetlands that were ostracod dominated or collembolan 
dominated 
 
Wetland Dominant Invertebrate Dominant macrophyte 
Thomsons Lake  C. novaezelandiae Charophyte sp. 
 








Juvenile ostracod 1 
 

















Little Rush Lake  Collembola spp. Elatine gratioloides 
  
Unknown grass 
South Lake  Collembola spp. Unknown grass 
  
Azolla sp. 
Bibra Lake Collembola spp. Lemna sp. 
  
Unknown grass 







The role of sediment type in seed and egg bank viability 
The hypothesis that sediment characteristics would differ between eutrophic and oligotrophic 
wetlands was rejected, as both ooze and peat sediments showed similar organic matter content. 
Eutrophic wetlands all had ooze sediment present; either ooze or ooze mixed with sand. The organic 
matter content of these ooze sediments varied depending on the sand content, ooze ranged from 
46% - 55% and the ooze/sand mix ranging from 13% - 40%. In comparison, peat occurred in only one 
wetland and contained 66% organic matter. The peat sand mix that occurred in every oligotrophic 
wetland ranged from 7% - 63%. Therefore, the total organic matter content was similar between 
ooze, ooze/sand and peat, peat/sand sediments. Invertebrates and macrophytes responded to 
organic matter content in sediments, but it did not appear to matter whether that organic matter 
was coarse peat sediments or the finer particles that formed ooze. Therefore, the sediments high in 
organic matter that are found in eutrophic wetlands can be considered ecologically comparable to 
peat sediments, as it appears that organic ooze does not make the sediments unfavourable for the 
emerging seed and egg banks. A high organic matter content allows water to be retained in the 
sediment, which is known to reduce sediment temperature, and increase egg bank viability 
(Stubbington & Datry, 2013;  Strachan, Chester & Robson, 2016a). Sediments with higher organic 
matter content also provide a food source for invertebrates that feed on organic detritus (Strachan, 
Chester & Robson, 2016a). Sand sediments generally had a lower abundance of invertebrate and 
macrophytes, which could be attributed to the low organic matter content. Grain size of sand 
sediments will also alter nutrient flow and retention in the sediment; thus conditions will not be 
favourable for submerged macrophyte growth (Anderson & Kalff, 1988;  Barko, Gunnison & 
Carpenter, 1991). Sand and organic matter are known to have contrasting effects on sediment 
density (Barko, Gunnison & Carpenter, 1991). Sand has a high bulk density, while high organic 
sediment have a low bulk density and high sediment density is negatively correlated with the 
abundance of resting stages of the freshwater biota. 
Salinity did not vary systematically between oligotrophic and eutrophic wetlands, although some 
wetlands showed some conductivity extremes for freshwater systems. Conductivity naturally 
fluctuates among Swan Coastal Plain wetlands and depends on changing groundwater levels 
(Boulton et al., 2014). When water levels are low conductivity is higher, so it makes sense that 
wetlands that were dry at the time of sampling had a higher recorded conductivity. One wetland 
that was an outlier was Banksia Eucalypt Woodland Reserve, which was inundated at the time of 
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sampling, the high EC reading in this case could be attributed to the high tannins. Acidic pH and high 
conductivity are consistent with this theory, ultimately explaining why seed and egg banks were so 
poor at this wetland, as less species emerged than North Lake, which is a known eutrophic wetland 
and has demonstrated poor egg bank abundance in previous studies (Strachan, Chester & Robson, 
2016a). 
 
Algae emergence as a response to eutrophication 
Although no formal data analysis was conducted on algae it was evident in the greenhouse 
observations that green filamentous algae favoured non-eutrophic conditions over eutrophic 
conditions, while cyanobacteria indicated no preference of oligotrophic or eutrophic wetland. 
Previous studies have had variable results regarding the phytoplankton pioneer colonists in aquatic 
ecosystems: some (e.g. Bambakidis 2009) have found that Cyanobacteria are the first to colonise, 
while Michaloudi et al. (2012) found that chlorophytes were by far the most dominant in early 
stages of re-wetting. As my study identified algal species only at the end of the laboratory 
inundation period neither of these can be confirmed, however my study did show a consistent 
presence of the dominant species. The species most widespread across all samples was Oedogonium 
sp. (a filamentous chlorophyte), which was found in all wetlands, followed by Nostoc sp. (a 
multicellular Cyanobacteria), which was found in seven out of the eight oligotrophic wetlands, and 
three out of the five eutrophic wetlands. Spirogyra sp. (a filamentous Chlorophyte) can be 
considered an indicator species for mesotrophic conditions (Wrigley, Rolls & Davis, 1991), and was 
present in seven out of the eight oligotrophic wetlands and one eutrophic wetland, suggesting that 
some ‘oligotrophic’ wetlands may have a higher nutrient input than first expected. This is likely 
because wetlands on the Swan Coastal Plain are becoming increasingly exposed to urbanisation, 
exposing wetlands that were historically considered oligotrophic to nutrient enriched conditions 
(Wrigley, Rolls & Davis, 1991). The presence of cyanobacteria across both eutrophic and oligotrophic 
wetland samples is consistent with previous studies that showed that Cyanobacteria or chlorophytes 
are often the first to return after a desiccation event (Michaloudi et al., 2012). 
 
Studies have found that algal assemblages in oligotrophic wetlands are typified by chlorophytes, 
diatoms and chrysophytes, whereas eutrophic wetlands are typified by Cyanobacteria and diatoms 
(Rawson, 1956). However, as my study focused on species that occur after a period of desiccation, 
chrysophytes were absent and diatoms were not common. This is because chrysophytes do not have 
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desiccation-resistant stages and wetland diatoms are not very robust (Bambakidis, 2009;  Bergey et 
al., 2010). In contrast, chlorophytes and Cyanobacteria have some physical features that may affect 
how they handle desiccation. For example, the mucilage produced by Cyanobacteria has a high-
water content, so it takes longer for them to dry out, than other algae. Similarly, chlorophytes may 
trap water between the filaments, which increases surface area and decreases evaporation rates, 
thus allowing the alga to withstand desiccation for a period (Bergey et al., 2010). Overall, my results 
did not suggest that there was strong algal growth in any of these wetlands in the first few weeks of 
inundation. Potentially other factors not present in my experiment (such as stormwater input) 
trigger algal growth in recently inundated seasonal wetlands. 
 
The impact of eutrophication on aquatic plant germination 
Wetland condition did not significantly affect which aquatic plant species grew from rehydrated 
sediments, so hypothesis two was rejected. As there was no overall difference in sediment qualities 
that occurred in oligotrophic and eutrophic wetlands, this is perhaps not surprising. High organic 
matter content in sediment assists in water retention and provides organic nutrients for plant 
growth (Strachan, Chester & Robson, 2016a), however, this study has shown that sediment sources 
of these nutrients does not affect aquatic plant growth. When organic matter decomposes, organic 
nitrogen and phosphorus are released into the water column and this can drive repeated algal 
blooms (Boulton et al., 2014). However, if a bloom does not develop when wetlands refill after a 
period of desiccation, aquatic macrophytes may have strategies that enable them to germinate 
quicker than algae (Bergey et al., 2010). If this is the case, then the origin of the organic matter in 
the sediment (i.e. whether it came from algal blooms or decomposing macrophytes/allochthonous 
detritus) does not affect germination of the aquatic macrophytes. The organic matter serves the 
same purpose, to provide suitable sediment conditions for germination, regardless of its origin or 
particle size. This could explain the absence of a difference in macrophyte germination between 
oligotrophic and eutrophic wetlands and between ooze and peat based sediments.  
Fifty species of aquatic macrophytes were recorded in both eutrophic and oligotrophic wetlands. 
Native submerged macrophytes germinated from sediments from the oligotrophic wetlands, while 
only introduced species germinated from sediments in eutrophic wetlands. In oligotrophic wetlands, 
most macrophyte species were submerged plants that fill the water column, such as charophyte spp. 
and Ruppia sp. In contrast, eutrophic wetlands had sparse submerged aquatic plants and more 
frequently, emergent macrophytes like unknown grass and Bolboschoenus sp. Germinated. Two 
charophyte species were recorded in this study: charophyte sp. and Klebsormidium sp. Charophytes 
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are a green algae (Pukacz, Pełechaty & Pełechata, 2013) but due to their large, structural growth 
form are usually categorised as submerged macrophytes (Boulton et al., 2014). The two species 
recorded here had differing ecological functions: Klebsormidium sp. was not observed early in the 
experiment and was loosely adhered to the sediment whereas charophyte sp. was a tall-growing 
macrophyte that filled the water column. Charophytes like the latter are considered an indicator of 
oligotrophic wetland condition, as they only grow well under stable, undisturbed conditions (Pukacz, 
Pełechaty & Pełechata, 2013). The unknown grass was the only species that was recorded in both 
oligotrophic and eutrophic wetlands, while this species could not be identified, it was clearly tolerant 
of variable wetland conditions and it was also slow growing. In contrast, Bolboschoenus sp., another 
emergent macrophyte, germinated only in eutrophic wetlands.   
 
The impact of eutrophication on egg banks 
The third hypothesis was rejected as there was no significant difference between invertebrate 
assemblages that emerged from oligotrophic and eutrophic wetland sediments. Past studies have 
found that higher organic matter sediments provide better refuge for invertebrate resting stages 
from environmental conditions like heat and drying, because they retain moisture and decrease 
sediment temperature (Strachan, Chester & Robson, 2014;  Strachan, Chester & Robson, 2016a). As 
was observed for plants, the high organic matter content of peat and ooze sediment types gave 
them similar sediment regardless of wetland condition. Therefore, as for aquatic plants, these 
sediment types can be considered ecologically comparable as they provide the same refuge 
characteristics for invertebrate resting stages. Invertebrates emerged in higher abundances in 
eutrophic then oligotrophic wetlands. This reflects invertebrate assemblages recorded from 
eutrophic wetlands, which generally have higher abundances than oligotrophic wetlands (Boulton et 
al., 2014). Invertebrate assemblages and taxa richness differed strongly between wetlands 
regardless of wetland condition. Therefore, while both oligotrophic and eutrophic wetland 
sediments contain a viable egg bank, variables that differ at the wetland level and make each 
wetland different, are affecting what invertebrates are using as a refuge. For example, stormwater 
input differs between wetlands, where the drain is coming from and how much water it brings with 
it, altering the hydrology and introducing different nutrients and contaminants between wetlands. 
The amount and species of fringing vegetation can differ between wetlands dropping leaves and 
bark frequently, therefore wetlands with more fringing vegetation have higher organic matter 
content and higher diversity (Strachan, Chester & Robson, 2016a). The species of vertebrates that 
use the wetland as refuge can also affect the between wetland differences, as birds are known to 
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bring invertebrates and macrophyte propagules with them as they move between wetlands (Bilton, 
Freeland & Okamura, 2001). 
 
Although when all sediment types present in a wetland were included, assemblages did not differ 
between oligotrophic and eutrophic wetlands, when sediment types were analysed separately there 
was a significant difference between oligotrophic and eutrophic wetlands. Similarly, the different 
sediment types showed an array of different invertebrate assemblages. Dipteran and beetle species 
emerged from ooze sediments (Psychodidae larvae and H. elegans) and were uncommon in 
peat/sand and sand sediments, indicating these taxa preferred the soft sediment structure 
characteristic of ooze sediments as a refuge. Adult H. elegans can survive the low oxygen conditions 
of ooze sediments as they are air breathers. Similarly, Psychodidae larvae breathe oxygen via a 
spiracle on their posterior end (Satchell, 1947), which makes both species well adapted for living in 
low oxygen sediments. Chydoridae sp were the most abundant taxa in peat/sand sediments and 
were found only in the oligotrophic samples. Chydoridae are benthic species known to be sensitive 
to eutrophication (Vijverberg & Boersma, 1997;  Drinan et al., 2013), thought to be caused by 
increased predation by fish. Fish are absent from these seasonal wetlands, so there must be other 
factors affecting this crustacean family. Finally, sand sediments had the most variable invertebrate 
assemblages among wetlands. The ostracod C. novaezelandiae and the water flea D. carinata were 
the most abundant species in eutrophic wetlands and were the most abundant in sand sediments. 
Both taxa are associated with eutrophication and feed on phytoplankton (Davis & Christidis, 1999), 
explaining their higher abundances in eutrophic wetlands. D. carinata use ephippia to survive 
desiccation. These are special egg cases that are strongly resistant to drying and other stressors 
(Strachan, Chester & Robson, 2015). They would be strongly resistant to abrasion by sand 
movement, and this may indicate why large numbers were found in sand. Similarly, C. 
novaezelandiae also used special tough desiccation-resistant eggs capable of lasting for several years 
in the sediment without rehydration (Strachan, Chester & Robson, 2014), so these may also be 
abrasion resistant.   
 
Overall twenty-nine invertebrate species were recorded in both oligotrophic and eutrophic wetlands 
out of the fifty species total, suggesting that the wetland condition does not affect many of the 
invertebrate species that use sediments as refuge. Invertebrates that require groundwater for 
desiccation resistant life stages, like isopods or amphipods, that retreat into deep cracks in 
sediments to take refuge from drying (Strachan, Chester & Robson, 2014) were absent from my 
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samples. Therefore, the species found during the study mostly used aestivating eggs or dormant 
adult stages as a method of desiccation resistance in sediments. Some microcrustaceans such as 
ostracods can survive desiccation by entering a state of quiescence (Strachan, Chester & Robson, 
2014), where they close their carapace and lower metabolic activity until the wetland is inundated at 
which point they can quickly awaken as mature adults that are able to reproduce immediately 
(Strachan, Chester & Robson, 2014). Other species, like several larval insect taxa, were evident in the 
day ten decants but reduced in abundance in later decants, suggesting that they emerge quickly 
when the sediment is reflooded. Larvae from insects such as predatory beetles and odonates were 
absent, because they recolonise reflooded wetlands quickly as flying adults and lay eggs that hatch 
into larvae with rapid growth (Boulton et al., 2014;  Strachan, Chester & Robson, 2014). There were 
low numbers of some predacious beetles (e.g. Hyphydrus elegans adults that were present in the 
dried sediments, suggesting that some adults may hide below the sediment surface and may even be 
preying on aestivating invertebrates. 
 
Aquatic plants as a refuge for macroinvertebrates 
Differences among wetlands was the strongest pattern in the invertebrate data, there were two 
distinct groups that emerged from the wetlands. Some wetlands were ostracod dominated, and 
some were collembolan dominated. North Lake, Bibra Lake, South Lake and Little Rush Lake were 
Collembola dominated, and Thomsons Lake and Lake Booragoon were ostracod dominated, with 
Blue Gum Lake having both taxa. Harrisdale Swamp was an outlier as it was dominated by Cladocera. 
Collembolans are an amphibious arthropod (Strachan, Chester & Robson, 2016a) that is one of the 
most widespread, abundant and ecologically important soil microarthropods (Buşmachiu et al., 
2017;  Schuppenhauer, Lehmitz & Xylander, 2019). They reside primarily in soil and can be found up 
to 150 cm below the surface, but some species that reside by water can also be pneustonic, but are 
only able to survive submerged for up to 15 days (Schuppenhauer, Lehmitz & Xylander, 2019). They 
are important to soil fertility and support decomposition, fungal dispersal and nutrient cycling 
(Schuppenhauer, Lehmitz & Xylander, 2019). Ostracods are small mostly benthic crustaceans that 
are present in most aquatic ecosystems (de Campos et al., 2019), though they can occur in very 
moist semi terrestrial environments (de Campos et al., 2019). They are very important in ecosystem 
function and play a major role as  detritivores in aquatic ecosystems and may be abundant in organic 




There was a significant relationship between invertebrates and aquatic plants that emerged from 
the sediments. Wetlands that were dominated by ostracods were also dominated by native 
submerged macrophytes; this is consistent with what is known by ostracod habitat, which shows 
that they typically take refuge in aquatic plants (de Campos et al., 2019). Submerged macrophytes 
that were found in ostracod dominated wetlands were mostly native species, and this may explain 
the relationship found. However, Gritters et al (2015) found that the replacement of native by non-
native aquatic plants provided the same predation refuge as native plants. In this study, the location 
of native species in the water column was probably creating the pattern of invertebrate, especially 
ostracod distribution. Collembola were typically found in wetlands that had aquatic plants that grew 
low on the benthos or floated on the water surface. They are detritivores and may play a major role 
in decomposition of damp or dry organic matter in wetland sediments (Tronstad, Tronstad & Benke, 
2005). 
 
Limitations and future research 
 
There is not much known about seed and egg banks and the factors that affect how successful they 
are at rebuilding communities after a period of desiccation. Previous research shows that there is 
more than one type of sediment within each wetland, that these different types affect the egg bank 
and that wetlands contain micro habitats which allow certain freshwater invertebrates to survive 
wetland drying (Strachan et al., 2014, 2016a). Studies have also found that not all invertebrate eggs 
and macrophyte seeds emerge at the same time, indicating alternative factors could affect the 
resilience of seed and egg banks (Brock et al., 2003). However, that is the extent of the research on 
seed and egg bank viability in wetlands. Additionally, wetlands are becoming increasingly disturbed, 
which can affect the nutrient loading and species composition of wetlands, ultimately changing the 
seed and egg bank composition, but the extent of these effects is not known. My study looked at 
sediment type and composition and found no correlation between eutrophication and seed and egg 
bank viability. However, there is still so much that needs to be understood about the dynamics of 
seed and egg banks and the factors affecting them. For example, wetlands with highly tannin stained 
waters are known to have reduced biodiversity due to lack of light penetration, which reduces plant 
growth and thus autochthonous primary productivity (Rodda & Wetlands Conservation, 1986;  
Boulton et al., 2014), so this could have influenced the viability of seed and egg banks in the 
wetlands in this study and may explain the high among-wetland variation that I detected. 
Additionally, my study indicated that there is a relationship between collembolan and ostracod 
populations and the type of aquatic macrophyte these taxa prefer, but this has not been 
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demonstrated before. This warrants further investigation as it may reflect or influence wetland 
ecosystem function and may affect how seed and egg banks respond to various anthropogenic 




All three hypotheses in this study were rejected. Sediment characteristics did not differ between 
eutrophic and oligotrophic wetlands, as both ooze and peat sediments showed similar organic 
matter content. Wetland condition did not significantly affect which aquatic plant species grew from 
rehydrated sediments and there was no significant difference between invertebrate assemblages 
that emerged from oligotrophic and eutrophic sediments. Consequently, the results of this study 
suggest that eutrophication does not affect the viability of seed and egg banks in seasonal wetlands. 
Three main sediment types were identified at the wetlands studied: peat, sand and ooze, and one, 
two or all three of these may occur in any one wetland. Eutrophic wetlands all had ooze (flocculent, 
anoxic, organic layer) sediment present and oligotrophic wetlands all had peat/sand sediment 
present. My study found that ooze and peat sediments were ecologically comparable due to the 
similar organic matter content, and as invertebrates and macrophytes responded to high organic 
matter content, it did not appear to matter whether that organic matter was coarse peat sediments 
or the finer particles that formed ooze. However, sand sediments across both oligotrophic and 
eutrophic wetlands did impair seed and egg bank viability, as grain size alters nutrient flow and 
retention in the sediment. Macrophyte richness did not differ between oligotrophic and eutrophic 
wetlands because, if a bloom does not develop when wetlands refill, some aquatic macrophytes may 
germinate quicker than algae. Eutrophic wetlands may show higher abundances of invertebrate 
species, but invertebrate richness had no association with wetland condition, therefore, both 
oligotrophic and eutrophic wetlands both contain viable egg banks. Eutrophication has many 
negative effects on wetland ecosystems, but it appears that seed and egg bank function in 
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Lake Banksia Eucalypt 
Candonocypris 
novaezelandiae 606 5 0 0 1 0 29 41 16 152 47 0 0  
Sarcypridopsis 
aculeata 246 0 0 0 0 2 0 13 8 29 36 0 0  
Cypretta spp. 175 0 0 0 0 0 0 7 30 57 10 0 0  
Daphnia carinata 245 32 8 1 4 18 197 2 20 92 11 2 0  
Collembola spp. 0 0 3 24 32 120 32 0 589 6 683 34 0  
Forcipoyiinae sp. 0 0 0 0 0 3 0 0 43 0 0 1 0  
Chironomid sp. 0 0 0 0 1 0 1 0 4 0 0 0 0  
Dipteran pupae 0 0 2 6 7 1 0 0 103 4 14 6 0  
Tipulidae larvae sp. 0 0 0 0 0 0 0 0 26 3 1 1 0  
Bennelongia australis  31 2 0 0 1 2 0 5 0 1 23 0 0  
Haliplidae sp. 0 0 0 0 0 0 0 0 1 0 0 0 0  
Stratiomyidae larvae 
sp. 0 0 0 0 0 0 0 0 15 1 1 0 0  
Psychodidae larvae sp. 1 0 0 1 0 1 0 0 70 1 9 0 0  
Simocephelus sp. 3 0 0 0 0 0 3 0 0 1 0 0 0  
Juvenile ostracod 1 9 0 1 0 0 0 0 14 53 30 3 0 3  
Mytilocypris ambigosa 26 5 6 0 0 0 1 10 1 13 0 0 12  
Juvenile ostracod 3 2 1 0 0 0 0 0 0 0 1 0 0 0  
Mesostigmata sp. 0 2 4 0 3 3 2 1 10 3 1 0 1  
Rotifer spp. 0 19 6 2 10 4 44 0 80 26 3 0 0  
Eucypris virens 17 0 0 0 0 0 0 0 0 2 0 0 0  
Moina micrura 16 0 9 0 0 0 55 0 43 1 0 0 0  
Paracymus sp. 0 0 0 0 0 0 0 0 1 0 0 0 0  
Hebrus axillaris 0 0 0 0 1 0 0 0 7 0 1 0 0  
Aphelocheiridae sp. 0 0 0 0 3 0 0 0 4 0 0 3 0  
Lepidoptera sp. 0 0 0 0 0 0 0 0 1 0 0 0 0  
Sphaeriusidae sp. 
Larva 0 0 0 0 0 0 0 0 1 0 1 0 0  
Bennelongia spp. 36 0 0 0 0 0 0 2 1 0 1 0 0  
Chydoridae spp. 9 0 32 0 0 9 1 2 0 0 0 0 0  
White planarian sp 0 0 0 0 1 0 0 0 33 19 0 0 0  
unidentified beetle 
juvenile 1 0 0 0 0 0 0 0 0 0 0 0 0  
Hyphydrus elegans 0 0 1 0 0 0 0 0 3 0 14 0 3  
Dolichopodidae sp. 0 0 0 0 0 0 0 0 1 0 2 0 0  
Ephydridae larvae 0 0 0 0 0 0 0 0 4 0 0 1 1  
Tabanid larvae 0 0 0 0 0 0 0 2 3 0 0 0 1  
Ceriodaphnia spp. 9 2 6 0 0 6 34 0 1 1 0 0 0  
Cyclopoida sp. 0 0 0 0 0 0 0 0 9 1 0 0 4  
Limnophora sp. 1 0 0 0 0 0 0 0 2 0 0 0 0  
Oribatida sp. 0 1 2 3 2 3 2 10 10 2 7 2 0  
Megaporus howitti 0 0 0 0 0 0 0 0 0 0 1 1 1  
Dasyheleinae sp. 0 0 0 0 0 0 0 0 0 0 0 3 0  
Eristalis pupae 0 0 0 0 0 0 0 0 0 0 0 0 1  
Limnocythere 
mowbrayensis 0 2 4 0 0 0 0 137 0 0 0 0 0  
Ecnomus sp. 0 1 0 0 0 0 0 0 0 0 0 1 0  
Calanoida sp. 6 0 0 0 0 0 1 0 0 0 0 0 0  
Newnhamia 
fenestrata 2 0 0 0 0 0 0 0 0 0 0 0 0  
Cypricercus sp. 18 0 0 0 0 0 0 0 0 1 0 0 0  
Ilyocypris australiensis 2 0 0 0 0 0 0 6 1 0 1 0 0  
Limnichidae sp. 0 0 0 0 0 0 0 0 0 0 0 1 0  
Chrysomelidae sp. 0 0 0 0 0 0 0 0 0 0 0 1 0  
Microvelia sp. 0 0 0 1 1 0 0 0 3 0 0 1 0  
Harpacticoida sp. 0 0 0 0 0 0 0 0 0 0 1 0 0  
Cypridopsis funebris 0 0 0 0 1 5 0 0 0 1 0 0 0  
Staphylinidae sp. 0 0 0 0 0 0 0 1 0 0 1 0 0  
Culicidae sp. 0 0 0 109 0 0 0 0 0 0 0 0 0  
Acerrella falcipes 0 0 0 0 0 1 0 0 0 0 0 0 0  
Berosus sp. 0 0 0 0 0 1 0 0 0 0 0 0 0  
Cerabidae sp 0 0 0 0 0 0 1 0 0 0 0 0 0  
Kennethia sp. 0 0 0 0 0 0 0 9 0 0 0 0 0  
Diacypris spinosa 0 0 0 0 0 0 0 1 0 0 0 0 0  
Alboa worooa 0 0 0 0 0 0 0 3 0 0 0 0 0 
TOTAL 
COUNT 
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Abstract 
Perth wetlands are drying, and many wetlands that formerly were perennial are now seasonally 
inundated. As a result, predictability and duration of drying is changing. Propagule banks are an 
important strategy for aquatic plants and invertebrates to be able to resist desiccation. Over the past 
century Perth wetlands have become increasingly under stress from urbanisation with pollution and 
eutrophication becoming a major issue for ecosystems on top of climate change. This review will 
look at the importance of seed and egg banks in drying wetlands as a method of resilience and what 
effect eutrophication may have on the sediments the seed and egg banks reside in, and also the 




As climate change is progressively increasing mean temperatures and decreasing rainfall, Perth 
wetlands are experiencing longer dry periods (Barron et al., 2012). It is estimated that over the next 
decade global temperatures are going to increase by 0.2°C per decade if current emissions stay the 
same, however if emissions increase at the current rate global temperatures can increase by 4°C by 
2100 (Kernan et al., 2010). Declining rainfall in Mediterranean climates, like the southwest of 
Western Australia has decreased the quantify of precipitation and increased the rate of evaporation 
(Sim et al., 2013). This is causing wetlands that were previously perennial to become seasonally 
inundated, and some formally seasonal wetlands are now completely dry (Barron et al., 2012). Swan 
Coastal Plain wetland mostly rely on groundwater fed systems as they are surface expressions of a 
superficial, unconfined and heterogenous aquifer (Gouws and Stewart, 2007). Changes in rainfall, 
evaporation and temperature determine the groundwater level which influences the transition 
between temporary and permanent wetlands (Kernan et al., 2010). So, groundwater levels are 
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declining in these wetlands (due to climatic drying and groundwater extraction) leaving them dry for 
longer periods. (Boulton et al., 2014). Climate change is not the only effect on wetland water levels, 
some urban systems are affecting by drainage coming in or out of the system altering water and 
nutrient levels (Azous and Horner, 2001). This review will use wetlands of the Swan Coastal Plain in 
Western Australia as an example, with other locations included where necessary. 
 
Over the past century or so wetlands in Australia have become increasingly surrounded by urbanised 
areas resulting in altered landscape, drainage issues and habitat loss due to construction among 
other stressors (Azous and Horner, 2001). These alterations in the natural habitat have modified the 
hydrological regime, often to change the natural flow of water to prevent flooding to infrastructure, 
particularly roads and carparks by building drains that can run off into both natural and 
anthropogenic wetlands (Azous and Horner, 2001, Boulton et al., 2014). This run off can become a 
public health issue, threatening the water supply of many cities (Azous and Horner, 2001). Run off 
can affect the health of a wetland in numerous ways: hydrology, water quality, soils and sediments, 
and biological resources (Azous and Horner, 2001). Run off may contain contaminants like oil, petrol 
and litter from roads, debris and chemicals from construction sites and fertilisers from houses 
(Azous and Horner, 2001), causing an excess of nutrients in a wetland that can ultimately lead to 
eutrophic (i.e. nutrient enriched) conditions. When a wetland becomes eutrophic, these nutrients 
(mostly N, P) cause an algal bloom, increasing turbidity in the water that limits light depth causing 
native submerged macrophytes to die and releasing more nutrients into sediments and the water 
(Boulton et al., 2014, Brock, 1996). As a bloom grows, nutrients eventually get used up resulting in 
death of the bloom which then causes mass decomposition of algae by bacteria (Wang and Wang, 
2009), creating an accumulation of dead particles on the sediment, creating anoxic events and 
further polluting the water body (Carpenter, 2005). 
 
Both climate change and eutrophication can alter the composition of Swan Coastal Plain sediments, 
potentially affecting freshwater organisms (Vinçon-Leite and Casenave, 2019). Swan Coastal Plain 
(SCP) wetland sediments consists of three main types: soft ooze sediments consist of dead algal 
particles of a past bloom, peat sediments consist of coarse particles of decaying vascular plants, and 
sandy sediments which consist of quartz or limestone particles depending on location across the 
Swan Coastal Plain (Pinder, 2005, Semeniuk and Semeniuk, 2005). Close to the Darling Scarp, clay 
wetlands exist (Semeniuk and Semeniuk, 2005), but these are not included here. A single wetland 
may contain a combination of any of the sediment types (Semeniuk and Semeniuk, 2005). A study by 
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Strachan (2016a) found that the high organic content of peaty sediments in seasonally dried 
wetlands retained moisture and did in fact contribute to the composition: invertebrates were taking 
refuge in damper soils as a method to escape desiccation. Potentially, the layer of soft organic ooze 
sediment caused by years of eutrophication and algal blooms that covers the naturally occurring 
sediment in a wetland may prevent any propagules in the sediment from emerging due to its small 
particle size and low oxygen concentrations in the flocculent later, however this has never been 
investigated. The aim of my research project is to examine the viability of egg and seed banks in this 
flocculent eutrophic sediment and compare it to viability from natural sand and peat sediments from 
SCP wetlands. 
 
Australian freshwaters are amongst the most temporally variable in the world (Boulton et al., 2014), 
so many invertebrates and aquatic plants have developed strategies to survive drying by taking 
refuge in sediments (as seeds, eggs or aestivating adults) (Boulton et al., 2014). In the south-west of 
Western Australia, the flora and fauna have been through dry periods back in geological time, so 
some have adaptations. Some fauna is found to be very tolerant; others are not (Stewart et al., 
2013), this is because the fauna are Gondwanan relics (Davies, 2010, Stewart et al., 2013). Plants and 
animals can survive many environmental conditions in temporary wetlands because that have 
physiological, morphological, behavioural or life-cycle traits that allow them to do so (Brock et al., 
2003). Dormant propagules remain in considerable numbers to provide refuge from drying and 
maintain genetic, phenotypic, species and community diversity (Brock et al., 2003). Seeds and 
invertebrate eggs in the sediment are usually tolerant of desiccation and may be quite long-lived 
(see below). However, the sediment may also contain dormant adult invertebrates (e.g. some 
species of bivalve mollusc, ostracods) (Strachan et al., 2015). Dormant adults may be more 
vulnerable to desiccation than seeds and eggs, but they may also be able to emerge from dormancy 
more quickly, thereby providing reproductive adults immediately to populations, enabling 
reproduction to occur (Brock, 2011, Brock et al., 2003, Strachan et al., 2015). 
 
Seed and egg banks occur in most freshwater habitats to some degree (Brendonck and De Meester, 
2003), but specifically wetlands that dry seasonally (Boulton et al., 2014, Brendonck and De Meester, 
2003, Brock, 2011, Brock et al., 2003, Strachan et al., 2015), because they allow wetland ecosystems 
to be resilient and re-establish the food web quickly when flooded (Brock et al., 2003). A drying 
episode is an event which organisms of a temporary aquatic ecosystem must recover efficiently in 
order to rebuild the communities post disturbance (Brock et al., 2003). Resilience is the ability of an 
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ecosystem to endure a disturbance, while maintaining its basic structure and functions (Wassens et 
al., 2017). It is widely documented that resilience consists of two main measures: ‘resistance’ and 
‘recovery’. Resistance is the degree which the ecosystem changes after a disturbance, while recovery 
is the period needed for the ecosystem to return to a pre-disturbance state (Brock, 2011, Wassens et 
al., 2017). A drying episode is an event from which organisms of a temporary aquatic ecosystem 
must recover efficiently in order to rebuild the communities post-disturbance (Brock et al., 2003). 
However, some individuals may be less resilient, particularly plants and animals that use wetting as 
an environmental cue to break dormancy (Nielsen et al., 2002), as short inundation periods may 
cause abortive hatchings (Strachan et al., 2016b). 
 
One effect of climate change is that wetlands are dry for longer than they formerly were, in some 
cases they are dry for longer than a decade and this appears to damage the viability of the egg and 
seed bank (Brock, 2011, Stubbington and Datry, 2013). A study by Brock (2011) found that only 20% 
of emergent plant species germinated after 12 years of prolonged drying, and although 
invertebrates can emerge beyond the 20-year mark (Brock et al., 2003), fewer emerge after a 
decade without flooding (Cale and Pinder, 2019, Jenkins and Boulton, 2007). This information is 
useful in the study of resurrection ecology, which uses the seed and egg banks of species throughout 
history and hatches the dormant propagules to observe evolutionary changes that may have 
occurred due to changes in environmental conditions (Hairston, 1996). This approach goes as far 
back as 1979, where Templeton and Levin referred to the concept as “migration from the past” 
(Hairston, 1996, Templeton and Levin, 1979). A more recent study by Kerfoot and Weider (2004) 
looked at Portage Lake in Michigan, U.S.A, where several major environmental changes occurred 
over the past century including mining, channelling and eutrophication, ultimately changing the 
predatory dynamic in the ecosystem. The project looked specifically at the diapausing eggs of 
Daphnia retrocurva confirming that significant micro-evolutionary changes occurred to the helmet 
and spine length over an 80-year period, which changes as eutrophication progressed. Kerfoot and 
Weider (2004) used 20 cm corers to sample intact sediment layers, which allowed estimation of the 
time when the eggs were originally deposited in the sediment. The ability for propagules to emerge 
decades after they were deposited into the sediment allows scientists to understand the affect 
climatization and urbanization has on wetland ecosystems. 
 
Each kingdom recovers different to one another, while protozoans and algae may emerge hours 
after a waterbody becomes inundated (Boulton et al., 2014), it may take invertebrates up to 30 days 
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to emerge from sediments and to establish long enough in the water column to replace numbers in 
the sediment in the event of quick onset of drying (Strachan et al., 2016b). This concept is termed 
‘false start’ which could result in abortive hatchings because water could dry out faster than an 
invertebrate can complete the life cycle and replace propagules in the egg bank. Some species have 
a failsafe to protect from a false start by showing delayed emergence. However, the potential cost is 





Macrophytes are an important part of aquatic ecosystem as they are the base of the food web 
(Bakker et al., 2016). They provide energy to lower trophic levels mainly by converting energy from 
sunlight through photosynthesis (Boulton et al., 2014). Macrophytes are classified into three 
categories based on where their photosynthetic parts sit within the water body, they are floating, 
submerged and emergent plants (Boulton et al., 2014). Floating plants have their leaves at the 
surface of the water where the most sunlight is(Sudiarto et al., 2019). They are generally the smaller 
plants (Wolffia Australiana, Ricciocarpus, or Azolla). As they float on the surface, they typically get all 
their nutrients from roots that float in the water column (Boulton et al., 2014). Floating plants are 
important as they provide habitat for invertebrates and fish and can withstand changes in water 
level as well as flourish in nutrient enriched systems (Sudiarto et al., 2019).  
  Submerged plants are completely submerged underwater and must photosynthesise 
through the water column, so re usually found up to as deep as the light penetrates (Boulton et al., 
2014). In wetlands that experience nutrient enrichment submerged macrophyte populations tend to 
be low due to light limitations caused by epiphytic algae (Paice et al., 2016). They are typically 
rooted in the sediment, however usually flower at the surface. Non-flowering submerged plants also 
occur such as bryophytes and charophytes, which may occur deeper than other submerged plants as 
they do not require a flower to reproduce (Boulton et al., 2014). Submerged Macrophytes are 
important to wetland ecosystems as they provide a complex habitat for invertebrate and fish 
enabling them to hide from predators, as well as foraging location for some water birds (Hanson et 
al., 2015). 
  Emergent plants typically have most of their photosynthetic parts exposed and are deeply 
rooted in the sediment. They include fringing vegetation like sedges and rushes as well as including 
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some trees and bushes that may occur in the shallows such as flooded gum (Eucalyptus rudis) or 
paperbark trees (Melaleuca spp.) (Boulton et al., 2014). They provide habitat and breeding grounds 
for water birds and frogs (Boulton et al., 2014). Emergent plants are important as they provide 
fringing vegetation that can provide some shelter to seed and egg bank that may allow for longer 
dormancy period for seed and egg banks due to the higher organic matter content and the ability to 
hold water better (Strachan et al., 2014).  
 
The ability of Macrophytes to be able to recover efficiently after a period of disturbance is an 
important part of aquatic ecosystem resilience. Usually macrophytes are the first organism to return 
to a wetland after first flooding (Boulton et al., 2014). Several studies (Brock, 2011, Brock, 1996, 
Brock et al., 2003, Leck and Brock, 2000, Tuckett et al., 2010) found that in one wetting event only a 
portion of the seed bank germinated at one time, allowing multiple generations to accumulate in the 
sediment and making it possible for the genotypes of individuals to alter during a season (Brock et 
al., 2003). This idea is represented in the study of resurrection ecology, which looks at how species 
have changed over time due to environmental triggers (Kerfoot and Weider, 2004). The 
perseverance of these seed banks that remain dormant protects the wetland community from 
wetting events that may not be long enough for the seed bank to fully regenerate enough to replace 
the seed bank (Brock et al., 2003, Strachan et al., 2016b).  
 
Seed germination conditions 
Seeds in natural wetlands often survive prolonged periods in sediment long after changes to water 
levels and land management has precipitated their disappearance (Brock, 1996). As wetlands dry 
temporarily plant species must adapt to survive in both wet and dry conditions, they can do this 
through life cycle stages that can persist, resist or disperse (Brock, 2011). The method of germination 
of macrophytes in a wetland differs between wetland types. Some wetlands may flood enough to 
connect landscape mosaics, this infrequent drying and more rapid flooding means that these 
wetlands are more likely to use left-over plant fragments and rhizomes in the sediment as a means 
of regeneration after disturbance as flow can potentially scour and destroy propagules that may 
occur in the sediment (Combroux and Bornette, 2004). To the contrary, flooding can also help with 
the dispersal and colonisation of seed propagules to other communities during the recovery phase 
(Wassens et al., 2017). Studies have shown that wetlands that experience prolonged drying, or 
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structured drying events use germination of seed banks as the dominant method of regeneration 
(Brock, 1996, Combroux and Bornette, 2004, Brock, 2011).  
  The depth of the seeds in the sediment can also influence the propagules that germinate. 
While most seeds found in Southwest Australian wetlands can withstand extreme drying and 
extreme temperature, only the seeds that are situated on the top of the surface of the sediment are 
able to germinate (Tuckett et al., 2010). In wetlands that are susceptible to algal blooms because of 
eutrophication, the high turnover of algal particles can quickly create a build up of material on the 
sediment surface, thus making it difficult for seeds to germinate (Goonetilleke et al., 2005) as the 




Aquatic invertebrates are important in ecosystem function as they break down aquatic plant matter 
and decaying organic matter for use in the food web (Boulton et al., 2014). In turn, these first-order 
invertebrates are then consumed by predatory invertebrates and vertebrates. Vertebrates are often 
thought by the average person to be the most ‘important’ part of the aquatic ecosystem as they are 
larger, more mobile and easily spotted by the public. For this reason, conservation tactics typically 
focus on the aquatic vertebrates, such as fish, birds and frogs (Boulton et al., 2014). Aquatic 
vertebrates however rely on the presence of invertebrates in the ecosystem to provide food 
(Boulton et al., 2014). Invertebrates are thought to be the major trophic link between aquatic plants 
and vertebrate consumers (Boulton et al., 2014). Food source for aquatic vertebrates aren’t the only 
importance of invertebrates in aquatic ecosystems.  
  There are many different invertebrate feeding groups in aquatic ecosystems each with their 
own function, predators are carnivorous and can help to keep species at a safe level, piercers eat 
aquatic plant cells and can help clear the water body by partially breaking down algal cells, and 
scrapers devour periphyton and algal biofilms (Boulton et al., 2014, Cummins and Klug, 1979). There 
are also many decomposer feeding groups that have been classified according to their eating habits; 
collector-gatherers are commonly found in the benthic layer and feed on fine organic matter, while 
collector-filterers have specialised mouthparts that filter organic matter out of the water body and a 
shredder-gouger eats partially decomposed woody matter (Boulton et al., 2014, Chará-Serna et al., 
2012). The shredder feeding group play a major ecological role in the aquatic ecosystem, especially 
in stream ecology by eating the leaf litter and woody debris that fall into the water from fringing 
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vegetation (Chará-Serna et al., 2012), by eating the fallen leaf litter, the shredders are beginning the 
decomposition process by breaking the leaves into smaller pieces making the process faster (Boulton 
et al., 2014). This value of invertebrate usage in aquatic ecosystem community means that it is 
important for invertebrates to be able to bounce back after a disturbance, especially desiccation. 
 
Invertebrate responses to desiccation 
Different species have different strategies to survive desiccation. Some have adapted to alter 
physiological traits, while others have behavioural responses to drying (Strachan et al., 2015). Many 
micro-crustaceans have developed desiccation-resistant eggs that can last decades in sediment of a 
dried wetland (Brendonck et al., 2017, Strachan et al., 2015, Tronstad et al., 2005). Isopods and 
caddisflies were among a few species that were found to take refuge in cracks and fissures in 
wetland sediments that may have occurred as the sediment has dried out (Strachan et al., 2014), 
meanwhile invertebrates that have a flying adult phase, like Coleoptera are able to escape to a 
neighbouring permanent wetland to avoid desiccation (Bilton et al., 2001, Strachan et al., 2015). 
These adaptations are an example of resilience traits, as they enable a species to survive a period of 
disturbance (by leaving) and bounce back quickly (Strachan et al., 2015). Additionally, these 
resistance and resilience traits may be coupled with other traits such as rapid growth or 
reproduction to assist quick population recovery (Strachan et al., 2015).  
 
Desiccation resistant life-stages are one of the leading methods of invertebrate response to 
disturbance, though most species have multiple strategies to survive drought with several studies 
looking at inundating dried sediment and observing what emerges (Leck and Brock, 2000, Strachan 
et al., 2014, Strachan et al., 2016a, Strachan et al., 2016b). Another strategy of desiccation resistant 
life-stages is anhydrobiosis, which is the desiccation resistant larvae or adult stages which individuals 
enter a dehydrated state, such is observed in nematodes. The most common desiccation resistant 
life phase is diapause which is well documented in Strachan (2015) and Brendonck (2016). Diapause 
is present in most crustaceans and involves a desiccation resistant egg that can lay dormant in 
sediment for over 200 years as is reported for some copepods (Hairston, 1996, Strachan et al., 
2015). Some invertebrate species survive drying by hiding in remaining moist habitats within a 
wetland, for example some adult cladoceran and gastropods can live in remaining damp sediment 
under rocks or under algal mats (Strachan et al., 2015). Cladocera also exhibit n extreme alternative 
life cycle where the population is made up of entirely female individuals when conditions aren’t 
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favourable (Strachan et al., 2015). Following fertilisation, female produce a resting egg (ephippium) 
by thickening a section of the carapace after her death (Strachan et al., 2015). These resting eggs 
have successfully hatched from 200-year-old sediments (Strachan et al., 2015). Desiccation resistant 
life stages aren’t the only way to survive disturbance, some species have alternative recruitment and 
dispersal strategies that allow them to be resilient. 
 
Invertebrate recruitment and dispersal 
Invertebrate egg bank dormancy isn’t the only way that invertebrates are able to remain resilient. 
Dormant eggs may also disperse to different locations via vectors that include wind, water and 
animals to aid in colonisation, gene flow and evolutionary divergence (Bilton et al., 2001). The same 
properties that are suggested to assist eggs remain dormant are also suggested to be an important 
mediator of the traits assist in alternative dispersal, so it is suggested that propagules with high 
dispersal capacity are also suggested to have a high hatching potential (Brendonck et al., 2017). 
Different dispersal techniques are thought to have varying importance for transport, for example in 
wetlands that are flooded more frequently wind dispersal is less useful and animal dispersal is more 
useful, particularly in the propagules that float on the surface (eg fairy shrimp) (Bilton et al., 2001, 
Brendonck et al., 2017). With organisms with drought resistant dormant stages drying is thought to 
promote wind dispersal, in rock pool ecosystems water dispersal is more useful than wind dispersal 
(Brendonck et al., 2017). The size and type of propagule can also affect the dispersal technique, for 
example larger propagules (eg ostracod) are less likely to be dispersed visa wind vector as the wind 
struggles to pick up the propagule, while smaller propagules (copepod) are more easily dispersed 
(Langley et al., 2001). The shape of propagules also affects dispersal, while cladoceran ephippia are 
considered a larger propagule (Brendonck et al., 2017), they are easily lifted by the wind as their 
shape facilitated aerodynamic lift (Brendonck et al., 2017). 
 
Effect of urbanization on the seed and egg bank 
Hydrology 
Water regime or hydrology is the fundamental most important part of an ecosystem function as it 
provides all the building blocks for almost every physical, chemical and biological process in all 
aquatic ecosystems (Sim et al., 2013). The water regime is the permanence, predictability and 
variability of the presence and timing of water (Boulton et al., 2014). The types of inland waters are 
a result of hydrology, geomorphology, climate and scale, these factors determine the water regime 
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or ‘where when and to what extent water is present’ (Boulton et al., 2014, Bunn et al., 1997). In 
standing waters water regime generally varies on the groundwater table and any human activities 
(eg drainage) that may affect the water level over time (Boulton), in running waters water regime is 
affected by flow (Boulton et al., 2014). Declining rainfall in Mediterranean climates has decreased 
the depth and duration of wetting events, potentially affecting the composition of invertebrate and 
plant communities (Sim et al., 2013, Waterkeyn et al., 2008). The water budget is the change in 
volume that is determined by subtracting the water loses from water gains, it is useful in 
quantitatively determining if water levels are declining or if water flow in wetlands is predictable or 
episodic, which can assist in management of wetland (Boulton et al., 2014).  
 
Hydroperiod and desiccation frequency can be considered ‘stability’ hydrological variables of a 
temporary aquatic habitat (Simon and Collison, 2002, Vanschoenwinkel et al., 2009), together with 
predictability hydrological variables (Vanschoenwinkel et al., 2009), the two can define hydroregime. 
Hydroregime is important in temporary wetlands as it facilitates local adaptation of populations and 
evolution of taxa (Vanschoenwinkel et al., 2009). The hydroregime of temporary wetlands has 
enabled taxa to adapt in two ways to drying: to survive in situ by developing resistant life stages or 




Pollutants typically reach wetland waters through runoff, and urban areas between wetlands can 
develop a lot of pollutants that include: oil, petrol and litter run off from roads, debris and chemicals 
from construction sites and fertilisers from houses (Azous and Horner, 2001). The direct run off from 
roads isn’t the only water quality impact urbanization can have on a wetland, when hydrology is 
altered the water flow may cause pollutants to distribute quicker and more efficiently around a 
water body (Azous and Horner, 2001). 
 
Soil and sediment 
Both altered hydrology and water quality can have a direct impact on wetland sediment, altered 
hydrology can influence the rate of sedimentation by transporting solids from run off into water 
bodies which may completely change the naturally occurring sediment type or continuously keep 
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adding solids to the sediment gradually filling up the wetland over time (Azous and Horner, 2001). 
Water quality caused by urban run-off can alter the physical, chemical and biological characteristics 
of wetland sediment (Azous and Horner, 2001, Goonetilleke et al., 2005). Physically the altered 
water quality can change the soil texture, organic matter content, particle size and saturation 
potentially altering the sediment enough that the plants and invertebrates in the wetland may not 
be able to complete their life cycle which requires the sediment to preserve seeds and eggs 
(Goonetilleke et al., 2005). Suspended particles tend to adsorb and absorb pollutants, so 
sedimentation can drastically change urban wetland soil structure (Azous and Horner, 2001). 
Although water quality is often associated with eutrophication, it is not always. 
 
Eutrophication in urban wetlands  
Eutrophication produces algal blooms, which are usually dominated by cyanobacteria, although high 
nutrient concentrations can also cause outbreaks of floating plants such as duckweeds, Azolla and 
other invasive plants that kill native submerged plants (Boulton et al., 2014). Eutrophication typically 
occurs because of excess nitrogen and phosphorus in the water column as they are the two 
nutrients that are naturally limited (Boulton et al., 2014, Yu et al., 2012). Nutrients such as nitrate 
(NO3), ammonium (NH4) and phosphate (PO4) are absorbed by aquatic plants during growth, so 
when these nutrients are in excess, plant growth can occur at a larger scale than what would happen 
naturally (Boulton et al., 2014). When these plants die and are decomposed the ammonium and 
phosphate is released back into the water column (Chen et al., 2014), thus the cycle continues . 
These eutrophication events can cause deoxygenation of the water due to the rapid consumption by 
aerobic microbial respiration (Chen et al., 2014). When the oxygen is depleted in the water column, 
anaerobes use other electron acceptors like iron for respiration, which then discharges phosphorus 
bound with iron or other heavy metals (Boulton et al., 2014), thus even though the initial input of 
nutrients was the cause of eutrophication, once there are enough nutrients in the system internal 
cycles will continue after the input has stopped (Chen et al., 2014).  
 
Anthropogenic eutrophication is a common problem in urban wetlands and usually comes from 
sewage treatment dumping, agricultural run-off, and leaching from urban lawns (Azous and Horner, 
2001, Boulton et al., 2014). Eutrophication alters natural ecosystems and can change biogeochemical 
cycles in surface water beyond repair (Yu et al., 2012), it has been discovered that urban derived 
pollutants are the main source of pollutants in instream water and sediments (Yu et al., 2012). 
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Eutrophication can cause ongoing issues in an urban context as it is often associated with algal 
blooms which can cause odour problems in suburbia (Boulton et al., 2014). Most algal blooms are 
dominated by cyanobacteria which can release toxins when they decompose that can kill domestic 
and farm animals and cause liver damage in humans (Boulton et al., 2014). Algal blooms can be hard 
to manage, especially in wetlands that are used for recreational activities such as fishing, swimming 
or boating, as the bloom then becomes a public health concern and may harm public confidence or 
tourism (Boulton et al., 2014). Algal blooms cause native species to decline (plants, invertebrates 
and vertebrates) (Brock, 1996), and completely alter the natural habitat by causing permanent 
declines in submerged macrophyte growth (Calero et al., 2018). Fisheries can collapse (Micheli, 
1999), and nutrient cycling and denitrification can be altered long-term (Boulton et al., 2014). 
Annoying insects that use eutrophic wetlands as a breeding ground (midges, mosquito) can affect 
quality of life of people living nearby and increase blood-borne disease in the area (Boulton et al., 
2014). Eutrophic wetlands are not an easy fix though as it can alter the flow of nutrients long-term.  
 
When a waterbody has become eutrophic, there is usually a switch from submerged macrophytes to 
algae as the dominant primary producer in an aquatic ecosystem (Phillips et al., 2016, Vinçon-Leite 
and Casenave, 2019). Although the increased plant growth creates food for invertebrate grazers, 
these are often not enough to control the rapid growth (Boulton et al., 2014). As algae grows out of 
control in a system, eventually all the nutrients are absorbed and little remains for continued growth 
of aquatic plants, so the algae bloom collapses, coating the sediment with the dead and decaying 
particles and dead cells (Chen et al., 2014). This build-up of decaying algae particles can then get 
redispersed into the water column causing turbidity and releasing the nutrients back into the water 
column, thus the eutrophic cycle continues (Zhu et al., 2013). As the dead bloom decays, the 
microbial decomposition can deplete oxygen levels in the water (Chen et al., 2014), so even though 
the bloom isn’t active, the ecosystem can’t replace the organisms lost while killing any that remain 
adding to the detritus for microbial decay (Boulton et al., 2014). The flocculant layer of decaying 
algae creates a blanket over the wetland sediment (Chen et al., 2014), preventing any organisms 
that may have retreated into the sediment to escape disturbance from emerging. The decaying algae 
layer may also prevent invertebrate respiration or plant germination due to the high organic matter 
and small particle size preventing gas flow, maintaining moisture content appearing as black ooze 
(Pinder, 2005). The high moisture content of the flocculant layer may also falsely influence seeds and 
eggs to remain dormant in the sediment, even though the surrounding wetland may be mostly dry. 
Ooze can sometimes have a high sulphur content that is evident by the smell. As the cyanobacteria 
50 
 
bloom biomass dies, it gets incorporated into the wetland sediment by resuspension and 
bioturbation (Chen et al., 2014, Zhu et al., 2013). 
 
Sediment types 
The flocculant layer of decaying algae is not the only substrate type in eutrophic wetlands, especially 
in context to the Swan Coastal Plain, Western Australia. Sediments in wetlands on the Swan Coastal 
Plain typically consist of some kind of high organic or sandy sediment, however can range from 
quartz sand-based sediments bordering between the Darling Scarp and Pinjarra plain, kaolinite mud 
or muddy sand dominating between Pinjarra plain and Bassendean dunes (Semeniuk and Semeniuk, 
2005). Bassendean dune wetlands are dominated by high organic content peat type sediments and 
intermediates between humic quartz sand, Spearwood dune wetlands are dominated by low organic 
quartz sand or limestone and the Quindalup dune system is dominated by intrabasinal calcilutite or 
calcilutaceous sand (Semeniuk and Semeniuk, 2005). This landscape is near one another 
demonstrating the variability in sediment types across a not-so vast landscape.  
 
Some similarities can be drawn between soft ooze sediments that are typical in eutrophic wetlands 
consisting of fine silty particles of decaying phytoplankton (Pinder, 2005), while peat sediments 
consist of coarse particles of decaying vascular plants (Pinder, 2005). Peat sediments geographically 
occur in wetlands that are more susceptible to permanent moisture (either in past or present 
climate regime ) (Pinder, 2005), or in a system that plant growth has exceeded the time it takes to 
decompose dead organisms such as systems where Baumea or Melaleuca are dominant (Pinder, 
2005). The water of wetlands that peat is the dominant sediment type characteristically have tannin 
stained water, low pH, low productivity, dense fringing vegetation with shade present, shallow 
wetland depth and perennial moisture although in some cases surface moisture may be present 
seasonally (Pinder, 2005). These characteristics of peat sediment are thought to be the influence in 
the ecosystem composition, rather than the presence of organic matter being the influence (Pinder, 
2005). A later study by Strachan (2016a) found that the high organic content of peaty sediments in 
seasonally dried wetlands covered by shade with some remaining moisture did in fact contribute to 
the composition, especially invertebrates as species were taking refuge in damper soils or under 
rocks (Strachan et al., 2016a), or in sediment cracks and fissures (Strachan et al., 2014) as a method 




Contrary to flocculant ooze sediment type, sand substrates could have a completely different effect 
on the emergence of plants and invertebrates from dormancy. Few studies have been done on the 
effect of different sediments on plant and invertebrate emergence, but a couple suggest that the 
size of the sand grains could have a major contributing factor. The larger particle size of sand 
substrates mean that propagules could potentially fall between the particles potentially covering 
seeds and eggs decreasing the possibility of emergence (Gleason et al., 2003). Moisture conditions 
could also have an effect as water is likely to drain through and dry sandy sediments quicker than 
other sediments that may have a higher organic matter content (Ter Heerdt et al., 2017), for 
example clay soils can hold water for longer, so germination is higher and mortality lower compared 
to sandy soils (Ter Heerdt et al., 2017). There a few studies on the emergence of invertebrate eggs in 
sandy substrate, however it is thought that the drainage of water would also be a factor decreasing 
invertebrate emergence too.  
 
These high organic content soils can affect the composition of plants and animals in an ecosystem as 
the dried sediment can be fuel for fire (Horwitz and Smith, 2005). The organic rich peat that is may 
have been permanently inundated historically meant that combustion was difficult (Horwitz and 
Smith, 2005), however as climate change has become a modern concern making previously 
permanent wetlands now temporarily dried, these sediments can become fuel for fire and burn for 
extended periods (Horwitz and Smith, 2005) and at the same time destroying any dormant 
invertebrate life stages, or plant seed banks. 
 
The effect of eutrophication on the survivability of propagules in temporary wetlands 
There are many studies that look at the strategies of how invertebrates or aquatic plants survive 
desiccation, Brock (2003) found that seed and egg banks is a way for plants and invertebrates to be 
resilient in a changing climate, Strachan (2014) found that as a way for invertebrates to be resilient 
they are seeking refuge in damp sediments and hiding in micro refuges and also found that higher 
organic matter sediments are able to hold more water for longer, thus providing longer term micro 
refuge. However, there are few studies that specifically looked at the relationship between different 
sediment types, focusing on reflooding them in the lab. There are also few studies that have looked 
at he effect eutrophication and the capacity for eutrophic wetlands to provide suitable microhabitat 
for organisms to resist desiccation. It is important that the study is carried out as further 
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understanding on the relationship between eutrophication and seed and egg banks may increase 
management interest on sediments and their impact on wetland biota. 
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